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Abstract
Dams impact the magnitude and nature of material transport through rivers to coastal waters, initially trapping much material in
upstream reservoirs. As reservoirs fill, trapping decreases and bottom sediments can be scoured by high flows, increasing
downstream delivery. This is the case for the Conowingo Dam, which historically has trapped much of the sediment and
particulate nutrients carried by the Susquehanna River otherwise bound for Chesapeake Bay but has now reached dynamic
equilibrium. While previous studies primarily focus on either delivery of river inputs or their fate in the Bay, this study
synthesizes insights from field observations and modeling along the Reservoir-Bay continuum to evaluate potential impacts of
infilling on Bay biogeochemistry. Results showmost Susquehanna sediment and particulate nutrient loading occurs during high-
flow events that occur only ~ 10% of the time. While loading during these events has increased since the late 1970s, consistent
with a decreasing scour threshold for Reservoir sediments, loading during low-flow periods has declined. Loads entering the
estuary are largely retained within the upper Bay but can be transported farther downstream during events. Reservoir sediments
are highly refractory, and inputs of reservoir-like organic matter do not enhance modeled sediment-nutrient release in upper Bay
sediments. These findings and an emerging literature highlight the Bay’s resilience to large sediment loads during events (e.g.,
Tropical Storm Lee in 2011), likely aided by ongoing restoration efforts and/or consistently low-moderate recent inflows (2012–
2017). Thus, while events can have major short-term impacts, the long-term impact to Bay biogeochemistry is less severe.
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Introduction

Human influences are pervasive throughout the river-estuary
continuum. For example, river channelization, diversions, and
levee building alter fluvial morphology and hydrology
(Brookes et al. 1983; Gregory 2006; Hudson et al. 2008).
Expanded agriculture and/or urbanization can deliver excess

sediments and nutrients to estuaries, leading to widespread
eutrophication (Barmawidjaja et al. 1995; Kemp et al. 2005;
Paerl 2006). Perhaps the greatest human impact on the timing
and magnitude of material fluxes from rivers to adjacent re-
ceiving basins occurs via dam construction (e.g., Ibàñez et al.
1996; Palinkas and Nittrouer 2006; Vericat and Batalla 2006).
Dams initially starve downstream ecosystems of both sedi-
ments and particulate nutrients through trapping in upstream
reservoirs. Eventually, however, these reservoirs fill (assum-
ing no human intervention), increasing the delivery of sedi-
ment and nutrients to downstream ecosystems (Fan and
Morris 1992; Yang et al. 2006). Moreover, sediments stored
in upstream reservoirs can be scoured during storm events,
increasing loads delivered downstream (e.g., Zabawa and
Schubel 1974; Palinkas et al. 2014).

The increase in dam construction following World War II
has resulted in numerous dams that are rapidly aging and/or
filling, prompting much interest in management intervention
(e.g., Palmieri et al. 2001). Developing effective management
strategies requires holistic consideration of the river-estuary
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continuum that links upstream actions to downstream ecosys-
tem impacts. For example, large-scale dam removal on the
Elwha River dramatically increased fluvial sediment loads
and resulted in extensive coastal geomorphological change
(Gelfenbaum et al. (2015) and references therein). On the
other hand, many questions remain regarding downstream
impacts of reservoir infilling.

The upper Chesapeake Bay serves as an excellent natural
laboratory within which to address these questions. The Bay
and its watershed have experienced many human-induced
changes over time, especially since European colonization in
the 17–18th centuries (Brush 2009). In particular, land-use
changes in the watershed, such as increased deforestation,
agriculture, and urbanization, increased sediment and nutrient
loads delivered to the Bay. By the mid-1980s, the Bay was
receiving 7 times more nitrogen and 16 times more phospho-
rus than before colonization (Boynton et al. 1995), degrading
Bay water quality through eutrophication and decreased water
clarity. In response, the Chesapeake Bay Program (CBP) was
established in 1983 to identify the sources and extent of pol-
lutants entering the Bay and implement restoration activities
to reduce pollutant loads (NRC 2011). More recently, total
maximum daily loads (TMDLs) and accompanyingwatershed
implementation plans that include best management practice
(BMP) installations have been developed for the Bay and its
tributaries (Linker et al. 2013) in an effort to decrease sedi-
ment and nutrient loading to the Bay. While quantifying the
effectiveness of BMPs can be challenging and depends on
specific management goals (Liu et al. 2017), evaluating tem-
poral trends in fluvial loads can lend insight into their
performance.

Numerous dams exist along the main tributary to the Bay,
the Susquehanna River, including a series of three dams that
ends just before the river’s confluence with the Bay. The last
and largest of these dams, the Conowingo Dam, was con-
structed in 1928 (Langland and Hainly 1997). While data
are scarce for the initial trajectory of filling immediately after
construction, plentiful data exist for the infill period for both
the Reservoir and upper Bay (Hobbs et al. 1992; Reed and
Hoffman 1997; Langland and Cronin 2003; Langland 2009;
Russ and Palinkas 2018, among others). Recent work indi-
cates that the Reservoir has reached dynamic equilibrium
(net inputs equal net outputs averaged over long time scales)
and that particulate loading to the Bay has increased (Hirsch
2012; Zhang et al. 2016). This increased loading is concerning
given that the current TMDL requirements, intended to im-
prove Bay water quality, were developed with models that do
not include a Reservoir at dynamic equilibrium (Cerco et al.
2013). Increased sediment and nutrient loads from Reservoir
infilling could further degrade water quality through eutrophi-
cation and reduced bottom oxygen concentrations (Kemp
et al. 2005; Kemp et al. 2009; Testa et al. 2014). In addition,
large storm events can scour large amounts of sediment from

the Reservoir bottom, with potentially deleterious down-
stream ecosystem impacts (Schubel 1972; Zabawa and
Schubel 1974; Orth and Moore 1984).

The timing, magnitude, and mechanisms of material (sed-
iment and its associated nutrients) delivery from the
Susquehanna to tidal Chesapeake Bay likely differs between
relatively low, Bnormal^ flows and large storms events, espe-
cially given human control of the flow at Conowingo Dam, as
does its transport and fate in the upper Bay. However, little
research has evaluated these differences with a holistic ap-
proach that considers the entire river-estuary continuum.
This paper is the result of a coordinated, interdisciplinary
study that takes this approach and addresses these questions:
(1) how has sediment loading to the Bay changed over the last
40 years? (2) are sediments in Reservoir biogeochemically
different from those in the upper Bay, and how might they
influence Bay biogeochemistry? (3) what controls the trans-
port and fate of Conowingo sediment in the Bay? and (4) what
are the likely impacts of watershed and reservoir-derived par-
ticulate material on the Bay’s biogeochemistry? These ques-
tions are evaluated by synthesizing field observations and
model results, as well as long-term monitoring data, as shown
in Fig. 1. The specific data used to examine each question are
(1) river discharge and suspended-constituent (sediment, par-
ticulate nitrogen and phosphorus) monitoring data, (2) field
observations of sediment biogeochemical characteristics in
the Reservoir and upper Bay, (3) transport modeling and field
observations of upper Bay sedimentology, and (4) biogeo-
chemical modeling and field observations in the upper Bay.
Ultimately, the results of this study can help develop effective
management strategies throughout the river-estuary
continuum.

Physical Setting

This paper explores the connection of material inputs from the
lower Susquehanna River to ecosystem processes in the upper
Chesapeake Bay. This connection is highly influenced by a
series of three hydroelectric dams that occur along the river
from the US Geological Survey (USGS) gauging station at
Marietta, Pennsylvania, to its confluence with the Bay
(Fig. 2). The reservoirs upstream of the first two dams (Safe
Harbor and Holtwood; installed in 1931 and 1910, respective-
ly) filled rapidly after installation and reached dynamic equi-
librium (no net change in sediment storage averaged over
several years) during ~ 1950 and 1960, respectively (Hainly
et al. 1995; Langland and Hainly 1997; Reed and Hoffman
1997; Langland 2009). The last and largest reservoir lies up-
stream of the Conowingo Dam (installed 1928) and has filled
more slowly; however, recent work suggests that it has also
reached dynamic equilibrium (Hirsch 2012; Zhang et al. 2013;
Zhang et al. 2016).
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Infilling of Conowingo Reservoir was most rapid in the
upper portion after installation (Langland 2009) but is now
focused largely in the lower portion (Palinkas and Russ
2019). As a result, surficial bottom sediments generally grade
from sands in the upper portion to muds in the lower portion.
Sediment deposition within the reservoir is inherently linked
to delivery from the Susquehanna River, which is highest
during the spring freshet and minimal during summer, punc-
tuated by extreme flood events (Hirsch 2012; Cheng et al.
2013; Zhang and Blomquist 2018) that can scour significant
amounts of bottom sediment from the reservoir. Significant
scour occurs when river discharge exceeds ~ 11,300 m3/s
(400,000 cfs; Hainly et al. 1995), but this threshold has likely
lowered over time and fine sediments are mobilized at lower
flows (Hirsch 2012). Floods of this size generally occur every
~ 5 years, with notable past occurrences in 1972 (Tropical
Storm (TS) Agnes), 1996 (winter ice jam), 2004 (Hurricane
Ivan), and 2011 (TS Lee). The highest recorded Susquehanna
River discharge was associated with TS Agnes, exceeding
28,317 m3/s (1,000,000 cfs) and scouring 13.5 × 106 t of bot-
tom sediment (Langland 2015). The second highest discharge
was associated with TS Lee, exceeding 16,990 m3/s
(600,000 cfs) and scouring 4 × 106 t of bottom sediment
(Cheng et al. 2013; Palinkas et al. 2014). The resulting sedi-
ment load delivered to the Bay, composed of both watershed
and scoured Reservoir sediments, resulted in a sediment
plume that appeared to extend at least halfway down the
Bay in satellite images. The fate of TS Lee sediments in the
Bay was investigated through both field (Palinkas et al. 2014)
and modeling (Cheng et al. 2013) approaches, finding that
most sediment was retained in the upper Bay, but fine sedi-
ment was more widely dispersed, resulting in a thin drape of
sediment on the bottom extending to mid-Bay. The second
largest storm during the past 15 years was Hurricane Ivan
(2004), which had peak discharge of ~ 15,000 m3/s. Ivan

produced heavy precipitation over the Chesapeake Bay water-
shed, with maximum accumulation of 25 cm. A satellite im-
age showed a sediment plume spreading over the upper and
mid parts of Chesapeake Bay, but the resulting sediment de-
posit was not sampled.

Conowingo Dam is run as a peak-production hydroelectric
plant, with daily high/low river discharges through the outlet.
This variability is integrated on longer time scales, such that
discharge patterns are similar to those at Marietta. During high
flows, the first flood gate is typically opened at ~ 2446.5 m3/s
(86,400 cfs; Velleux and Hallden 2017), which is the dis-
charge used to define Bevents^ in this paper. Several recent
modeling studies have focused on trends in sediment and nu-
trient delivery over the Dam, especially with regard to trap-
ping in the Reservoir. Conowingo Reservoir historically
trapped much of the sediment and nutrient load to the
Chesapeake. However, recent studies indicate that discharge
of these materials from Conowingo has remained relatively
steady or perhaps even increased, despite declines at the res-
ervoir inlet from watershed reductions (Hirsch 2012; Zhang
et al. 2016). This implies reduced trapping within the reser-
voir, consistent with results from repeat reservoir bathymetric
surveys (Langland 2015).

In the uppermost Bay, Susquehanna discharge has formed a
subaqueous delta, referred to as the Susquehanna Flats, a shal-
low, sandy region colonized by submersed aquatic vegetation
(SAV). SAV beds on the Flats were historically dense but
disappeared after TS Agnes (Bayley et al. 1978). They made
a resurgence in the early 2000s, due to improved water quality
from a combination of resource management actions and sev-
eral dry years (Gurbisz and Kemp 2014), and have been pres-
ent ever since, even during extreme events (TS Lee; Gurbisz
et al. 2016). These beds modulate sediment input from the
Susquehanna River to the upper Bay, trapping sediment dur-
ing the growing season (typically ~April–October) but

Fig. 1 Conceptual model of the various methods used in this study and their relationships to components of the Conowingo Reservoir-Chesapeake Bay
continuum. See BMethods^ for details of individual methods
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allowing sediment bypass over winter (Russ and Palinkas
2018).

Sedimentation rates in the upper Bay have varied through-
out time, responding to changes in land use and storms. Rates
increased dramatically after European colonization and related

land clearance, but they decreased after 1930 due to farm
abandonment and soil conservation (Brush 1989; Brush
2001), as well as construction of Conowingo Dam. The sig-
natures of large storms and hurricanes are preserved in sedi-
ment cores, especially after TS Agnes and Lee. The thickest

Fig. 2 Site locations in the lower Susquehanna River and upper
Chesapeake Bay. Locations of hydroelectric dams on the Susquehanna
River are given by black bars. Brown circles show locations of sediment
sampling sites in Conowingo Reservoir (geochronology and sediment

character reported in this study and in Palinkas and Russ (2019),
sediment-water fluxes in this study). Red circles indicate locations of
long-term water quality monitoring data used in this study
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deposits are located upstream of the estuarine turbidity maxi-
mum (ETM), with maximum thickness of 20–30 cm after TS
Agnes (Zabawa and Schubel 1974) and 4–5 cm after TS Lee
(Palinkas et al. 2014).

The ETM is the dominant driver of sediment transport dy-
namics in upper Chesapeake Bay. First reported in the late
1960s (e.g., Schubel 1968), upper Bay ETM dynamics have
been studied (Elliott 1978; Sanford et al. 2001; Cronin et al.
2003; North et al. 2004) and modeled (Park et al. 2008; Cerco
et al. 2013) by numerous researchers since then. ETMs are
very efficient traps for suspended particles carried into estuar-
ies with the river flow. The upper Bay ETM results from
convergent near-bottom transport of settling particles due to
asymmetrical tidal resuspension near the limit of salt (Sanford
et al. 2001). The efficiency of ETM trapping increases as
particle settling speeds increase due to flocculation and ag-
glomeration of fine riverine particles, caused by increases in
both electrochemical and biogeochemical stickiness as fresh
river waters encounter and mix into salt water (Schubel and
Kana 1972; Sanford et al. 2005; Malpezzi et al. 2013). ETMs
are dynamic features, rapidly migrating downstream due to
pulses of river flow and down-estuary winds while
rebounding almost as quickly as the downstream forcing dis-
sipates, albeit with a scale-dependent lag (Nichols 1977;
Elliott 1978; North et al. 2004). The upper Bay ETM is a very
efficient sediment trap in the long term, likely due to the large
scale of the system. Particles deposited over the shallow
shoals adjacent to the channel are easily resuspended due to
wind-wave forcing (Sanford 1994), likely focusing back into
the deep shipping channel. Particles that escape downstream
in moderately large events tend to be transported back up-
stream by the combination of tidal and estuarine circulations
(Nichols 1977). Maintenance dredging of the upper Bay ship-
ping channel likely removes a large fraction of the accumulat-
ing sediment (Sanford et al. 2001). The net result may ap-
proach near complete riverine sediment trapping (Donoghue
et al. 1989), with some unknown but small fraction lost to the
mid-Bay during extreme freshwater flow events.

The eutrophication of Chesapeake Bay has been well doc-
umented (Hagy et al. 2004; Kemp et al. 2005) and is associ-
ated with elevated nutrient inputs from its large watershed
(166,530 km2) that spans several states in the mid-Atlantic
region of the USA. Increased degradation of the Bay was
documented in the 1970s and 1980s, following the identifica-
tion of large-scale declines in submersed aquatic vegetation
(SAV) (Kemp et al. 1983) and mapping of extensive low-
oxygen areas in the mainstem of the estuary (Officer et al.
1984). While declines in commercial finfish and wild bivalve
extraction were early identified as features of the Bay’s de-
cline, elevated inputs of dissolved nitrogen and phosphorus
from the watershed beginning in the late 1960s and early
1970s were identified as causative agents for many of the lost
habitats in the estuary. Following more than three decades of

extensive monitoring of dissolved oxygen, nutrient concentra-
tions, SAV coverage, and watershed inputs, it has become
apparent that several features of the Bay’s ecosystem have
began to transition toward a less-eutrophic state (Orth et al.
2017; Testa et al. 2018; Zhang et al. 2018).

Methods

This paper synthesizes field observations, model results, and
long-term monitoring data as conceptualized in Fig. 1. Details
of specific methods are presented below.

Inputs to Estuary

River Discharge and Suspended Sediment Concentrations
(SSC)

Susquehanna River discharge has been measured at the
Conowingo Dam outlet by the USGS (http://waterdata.usgs.
gov; station 01578310) since October 1967. Corresponding
suspended sediment concentrations (SSC) have been mea-
sured since 1978, with variable frequency throughout the
years. Generally, data were available for at least 1 day per
month and more frequently during high-flow events; however,
there are some gaps in the records.

For consistency, this study considered discharge and SSC
data only between 1 Jan 1978 and 31 December 2017. Rating
curves (SSC versus corresponding river discharge) were de-
veloped for 5-year intervals (i.e., 1968–1972, 1973–1977,
etc.), following the approach of Warrick (2015). Because rel-
atively few SSC measurements are available for each year, 5-
year intervals were chosen as a compromise between temporal
resolution and robustness of the data set. The main difference
between the Warrick (2015) approach and more traditional
approaches (e.g., Syvitski and Morehead 1999) is the use of
discharge-normalized data (QGM) in the regression between
log-transformed river discharge (Q) and SSC (C):

C ¼ Äa Q=QGMð Þb; ð1Þ
where â is the vertical offset parameter and has units of mg/L,
equivalent to the SSC of the middle of the sample distribution,
b is the unitless rating parameter found from regression
(Syvitski and Morehead 1999), and QGM is the geometric
mean of all Q values in the entire record (uniform for all time
intervals). These curves were calculated for three cases: (1) all
flows, (2) Bnormal^ or non-event flows, and (3) high flows
during flood events. A discharge of 2446.5 m3/s was used to
separate normal (< 2446.5 m3/s) and event (> 2446.5 m3/s)
flows, corresponding with opening of the first crest gate
(Velleux and Hallden 2017) and the 90th percentile of flows
past Conowingo from 1968 to 2017. These rating curves were
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used to calculate daily SSC values from river discharge mea-
surements. Daily sediment loads (product of SSC and river
discharge) were then calculated and summed over individual
years and 5-year periods.

Particulate Phosphorus (PP) and Nitrogen (PN)

Particulate phosphorus (PP) and nitrogen (PN) data were ob-
tained from data associated with Zhang et al. (2015) and ar-
chived by Zhang and Ball (2014). This archive contains raw
particulate phosphorus and nitrogen concentrations from the
USGS River Input Monitoring Program (USGS 2013). Like
SSC, these concentrations were not continuously measured
and were assumed to represent average daily conditions.
Comparison of these concentrations with their corresponding
river discharge showed wide variability, precluding establish-
ment of statistically robust relationships from which daily
loads could be calculated. Instead, daily loads of both PP
and PN were obtained from the WRTDS model (Zhang
et al. 2015), which accounts for variability in these parameters
with both time and discharge. These data were available only
prior to April 2013, excluding the 2013–2017 time period
from further consideration.

Particle Settling Velocities

All other things being equal, particle settling velocity is the
most important factor determining the transport distance of
suspended particles (Mcnair and Newbold 2001). Prior to this
study, however, particle settling velocities had never been di-
rectly measured at the Conowingo Dam. Samples were col-
lected for particle settling velocity experiments during three
moderately high flow events in 2015 and 2016, over a total of
seven sampling days. On each sampling day, suspended par-
ticles were collected at the turbine outlets on the downstream
side of Conowingo Dam, where historical USGS samples
were collected, and from a stilling well located on the up-
stream side of the dam between two spill gates. At both loca-
tions, 5-L sample bottles were filled for settling experiments;
additional samples were collected at the downstream site for
standard disaggregated particle size analysis by the USGS
(Poppe et al. 2005).

Settling velocity experiments usually occurred within an
hour of collection; samples were refrigerated in the event of
any short delay. These experiments were carried out on-site
using a settling tube apparatus based on the classic Owen tube
(Owen 1976), modified for field work in upper Chesapeake
Bay (Malpezzi et al. 2013), and then modified again for this
study. The settling tube apparatus consisted of a pair of 5-L
Niskin bottles attached vertically to an aluminum frame. The
bottom stoppers were machined to a funnel shape internally,
with a sampling port attached at the lower end of the funnel.
The top stoppers were attached flexibly to allow water and

suspended sediment samples to be introduced quickly and
cleanly. A jacket of reflective bubble wrap around each tube
minimized the development of internal circulations due to
contrasts between inside and outside temperatures.

At the beginning of each experiment, water samples were
shaken gently to resuspend any settled particles and poured
into the settling tubes, completely emptying the sample bottles
to avoid missing any rapidly settling particles. A timer was
started for each tube, with staggered starts to allow sampling at
matched intervals after time 0. Ten water samples were with-
drawn from the bottom port of each tube into prewashed 0.5-L
sample bottles at nine geometrically spaced time intervals
(two bottles at the last time interval). Analysis procedures used
for bottom withdrawal settling tube experiments were first
described by Owen (1976). A spreadsheet implementation of
these techniques was used (Malpezzi et al. 2013), as well as a
Matlab© curve-fitting implementation (Malarkey et al. 2013).
Both techniques yielded similar estimates of the settling dis-
tribution of suspended-sediment mass (Fig. S1). Based on
these results, all settling experiment results were divided into
four categories of settling speeds: < 0.01 mm/s (the last sam-
ple bottle), 0.01–0.2 mm/s, 0.2–2 mm/s, and > 2 mm/s; mass
fractions were calculated for each category for all
experiments.

Settling velocities were also estimated for the samples col-
lected simultaneously and analyzed by USGS for
disaggregated particle size distributions. We used Stokes
settling velocity equation for clays and silts and the
approximate large particle expression of Soulsby (1997) for
sand-size particles. These data were then divided into the same
four settling velocity categories as above for direct compari-
son with the settling experiment data. Equivalent particle size
categories were calculated for each of the four settling velocity
categories using these same expressions, resulting in equiva-
lent particle size bins of < 0.004 mm, 0.004–0.016 mm,
0.016–0.052 mm, and > 0.052 mm, respectively.

We also obtained data from 32 samples collected by USGS
on 19 dates between 1979 and 2015 for which disaggregated
particle size data were available, along with corresponding
river discharge and SSC data. The USGS data were stored as
cumulative percent distributions (total percent finer than each
of ten sizes). We calculated the percent of suspended sediment
mass between successive sizes by difference. We then binned
the mass fractions into the four size intervals defined above
and calculated a characteristic mass-weighted settling speed
for each size range.

Fate of Sediment in the Estuary

Sedimentology

Four box cores were collected in August 2015 in the upper
Bay; gravity cores were collected at these sites and three

Estuaries and Coasts



additional sites in April 2016 (Fig. 3). Both 2015 and 2016
reflected conditions during Bnormal^ years (i.e., no major
flood events); core locations were co-located with those in
Palinkas et al. (2014) to discern differences between normal
and flood conditions. All cores were sectioned immediately
after recovery and transported to the lab for further analyses.
All cores were analyzed for grain size and 7Be (half-life
53.3 days); gravity cores were also analyzed for 210Pb (half-
life 22.3 years). Grain-size measurements were made by wet-
sieving samples at 63 μm to separate the mud (silts and clays;
< 63 μm) and sand (> 63 μm) components. The mud fraction
was then analyzed with a Sedigraph III (Coakley and Syvitski
1991), and the sand fraction was dry sieved from 64 to
500 μm via a standard set of 13 sieves. All data were com-
bined to calculate the median diameter of sediment. Event-

and seasonal-scale sedimentation was examined with 7Be,
which is produced by cosmic rays in the atmosphere and at-
taches to terrestrial sediments during wet (rainfall) and dry
deposition (Olsen et al. 1986). Because nearly all of the 7Be
is associated with particulates (Kaste et al. 2002), the presence
of 7Be in aquatic sediments indicates that they had been on
land within ~ 250 days (4–5 half-lives, assumed limit of de-
tectability). 7Be activities were measured via gamma spectros-
copy of the 477.7 keV photopeak, using a calibrated Canberra
germanium detector and following the procedure of Palinkas
et al. (2014). Depth-integrated activities were used to calculate
sediment deposition rates as in Palinkas et al. (2005). Decadal-
scale sediment accumulation rates were determinedwith 210Pb
(half-life 22.3 years), measured via alpha spectroscopy, as-
suming a constant supply of unsupported 210Pb to the

Fig. 3 Locations of sediment
cores (black circles; labeled as
Leex) and monitoring stations
(gray circles) used in this study.
Note that core Lee5 and the
monitoring station at Still Pond
are co-located. Box cores were
collected at Lee7, Lee5, Lee2.5,
and LeeS2; gravity cores were
collected at all core locations
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sediment and steady-state sedimentation (Appleby and
Oldfield 1978). Accumulation rates were reported in Russ
(2019) and Russ and Palinkas (2018).

Transport Modeling

The Coupled Ocean-Atmosphere-Wave-Sediment Transport
(COAWST) modeling system (Warner et al. 2008; Warner
et al. 2010) was used to configure a model for Chesapeake
Bay and its adjacent shelf. COAWST consists of a mesoscale
atmosphere model, a regional ocean model, a model for sim-
ulating surface waves, a sediment transport model, and a dy-
namic coupler to exchange data fields between the sub-
models. It has been used in a number of studies on sediment
dynamics in coastal oceans, during both storm and non-storm
conditions (e.g., Harris et al. 2008; Ganju et al. 2009;
Olabarrieta et al. 2011; Cheng et al. 2013; Sclavo et al.
2013; Feddersen et al. 2016).

In this implementation of COAWST (Xie et al. 2018), ob-
served wind speeds at buoys and weather stations throughout
Chesapeake Bay and its surrounding land were used instead of
the hindcasts from a regional atmosphere model, and the re-
gional ocean model was based on Regional Ocean Modeling
System (ROMS) (Haidvogel et al. 2000; Shchepetkin and
McWilliams 2005; Shchepetkin and McWilliams 2009). The
ROMS model for Chesapeake Bay has been validated against
observational data (e.g., Li et al. 2005; Li et al. 2006; Zhong
and Li 2006). In this study, we used a finer-resolution version
of this model (Cheng et al. 2013; Xie et al. 2018), with 240 ×
160 horizontal grids and 20 vertical layers. The model was
forced by freshwater inflows at river heads, tidal and non-tidal
flows at the offshore boundary, and winds and heat exchanges
across the water surface. At the upstream boundary of the
eight major tributaries, freshwater inflows at USGS gauging
stations were prescribed. The wave model was Simulating
WAves Nearshore (SWAN) (Booij et al. 1999), which simu-
lates wind-wave generation and propagation in coastal waters,
including the processes of refraction, diffraction, shoaling,
wave–wave interactions, and dissipation. SWAN was config-
ured to have the identical horizontal grids as ROMS. The
SWAN model was forced by historical Wave Watch 3 data
(archived at ftp://polar.ncep.noaa.gov/pub/history/waves/
incident) at the offshore boundary and by the observed
winds at the sea surface. The sediment modeling component
was the Community Sediment Transport Modeling System
(CSTM) (Warner et al. 2008), which includes algorithms for
suspended sediment and bedload transport due to current and
wave–current forcing, enhanced bottom stress due to surface
waves, and a multiple bed model to track stratigraphy and
morphology. Sediments can be introduced into the model do-
main through rivers and erosion from seabed. For fluvial sed-
iment, we considered only the Susquehanna River, which is
the only river discharging sediment directly into the main stem

of the Bay (sediments from other tributaries are largely
entrapped within them; Biggs 1970; Schubel and Carter
1977). Fluvial sediments were divided into three classes (clay,
fine silt, and coarse silt), each represented by a grain size and
settling speed corresponding to the settling velocity analyses
described above. Because our study focused on fluvial sedi-
ment, the seabed is simplified and initialized with uniformly
distributed silt with a single grain size of 0.022 mm (North
et al. 2004). Resuspension of bottom sediment acted as the
background for the suspended sediment in the Bay. For high
SSC, the effect of suspended sediment to water density was
included by treating the water as a water-sediment mixture.
Relevant parameters of the sediment module are listed in
Table 1.

Sediment Biogeochemistry and Exchange with Water
Column

Sediment-Water Fluxes in the Reservoir and Estuary

The sediment exchange of oxygen, nitrogen, and phosphorus
was determined in the Conowingo Reservoir on five dates
(May, July, September 2015; April 2016), in Lakes Clarke
and Aldred in April 2016 and in the upper Bay in August
2015 and April 2016. Reservoir cores were collected at 6–13
sites using a Soutar-style plastic box corer in fine-grained
deposits and a pole corer in shallow coarse-grained deposits
(Cornwell et al. 2014). Bay cores were collected with a HAPS
corer (KC Denmark), sub-coring the stainless steel tube
(13.6 cm diameter) for smaller flux cores. Sediments were
collected for incubation in 6.3-cm diameter, 30-cm tall acrylic
flux cores that were filled with ~ 15 cm of sediment. At each
reservoir station, surface- and deep-water measurements of
conductivity/salinity, temperature, and dissolved oxygen were
made using a YSI multiparameter sonde. Water was collected
via pump from two reservoir locations for use in sediment
incubations and from multiple locations in the Bay. After col-
lection, cores were placed upright in large insulated containers
full of site water until placement in a temperature-controlled
room later that day. Core-incubation procedures are described
in detail elsewhere (Owens and Cornwell 2016) and briefly
described here. Cores were submersed in site water and bub-
bled overnight in the dark at field temperatures. At the begin-
ning of the incubation phase, stirring lids were attached to the
cores and a time course of overlying water chemistry was
determined initially under dark conditions for 4–6 h.
Additional site-water-only Bblank^ incubations were set up
from each aerobic coring site to correct for biogeochemical
processes occurring in the water. Water analyses included gas
ratios (O2/Ar, N2/Ar) via MIMS (membrane inlet mass
spectrometry; Kana et al. 1994) and nutrients (nitrate plus
nitrite (NOx

−), ammonium (NH4
+), and soluble reactive phos-

phorus (SRP)) using conventional colorimetric methods
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(Parsons et al. 1984; García-Robledo et al. 2014). Gas and
nutrient flux rates were calculated from core area and volume,
and the slope of solute/gas versus time.

Characterization of Sediment Composition and Reactivity

The reactivity of particulates with respect to the potential bio-
availability of phosphorus (P) and nitrogen (N) was assessed
by chemical characterization (P) and time courses of anaerobic
ammonium production. Sulfate concentrations from increas-
ing salinity enhance the sulfate respiratory pathway and the
resultant hydrogen sulfide converts Fe oxides into iron-sulfide
minerals (Cornwell and Sampou 1995). Iron-sulfide minerals
adsorb soluble reactive P poorly relative to Fe oxides, and as a
result, P is often released to solution (Roden and Edmonds
1997) and to overlying water (Lehtoranta et al. 2009). A
sulfide-reactive pool was determined by the addition of hy-
drogen sulfide (Vulgaropulos 2017). Both sediments and
suspended particulates were characterized for rates of anaero-
bic NH4

+ production using sediment slurries and particulates
filtered from the water column, with a time course used to
determine rates (e.g., Burdige 1991).

Biogeochemical Modeling

A sediment biogeochemical model (SFM) was used to evalu-
ate rates and controls on nutrient storage, biogeochemical
transformation, and release for reservoir and upper Bay sedi-
ments. SFM is a two-layer representation of sediment biogeo-
chemical processes that simulates carbon, nitrogen, phospho-
rus, oxygen, silica, and sulfur dynamics. SFM has been suc-
cessfully utilized in diverse Bay environments under different
conditions (e.g., temperature, salinity, oxygen, and depth) to
understand sediment responses to particulate-matter deposi-
tion (Brady et al. 2013; Testa et al. 2013). SFM numerically
integrates mass-balance equations for chemical constituents in
two functional layers: an aerobic layer near the sediment-
water interface of variable depth (H1) and an underlying an-
aerobic layer that is equal to the total sediment depth (10 cm)
minus the depth of H1. Details of the model and its

implementation can be found in other recent publications
(Brady et al. 2013; Testa et al. 2013; Testa et al. 2014).

SFM simulations were executed at 13 stations in the reser-
voir and one station in the upper Bay (Still Pond; Fig. 3) where
sediment-water flux experiments were conducted (see above;
Testa et al. 2013). Model simulations were run for the 1985–
2015 period using the following schemes to estimate bound-
ary conditions. For the overlying water, we generated a clima-
tology of water-column nutrient and oxygen concentration
measurements from 1985 to 2015 at the Conowingo Dam
outlet (CB1.0; Fig. 3). Concentrations at CB1.0 were assumed
to be representative for the reservoir; where possible, concen-
trations from CB1.0 were compared to those from the 2015
field campaigns with good agreement (Testa and Kemp 2017).
To estimate the depositional fluxes of bulk pools of organic
carbon, nitrogen, and phosphorus, we tested three different
schemes for estimating matter deposition rates. In the first
scheme, we assumed a constant deposition rate to
Conowingo and Upper Bay sediments based upon previous
estimates made for the Upper Chesapeake Bay (Brady et al.
2013). In the second scheme, we generated a seasonal cycle of
deposition that followed the local, historically observed
chlorophyll-a pattern in time but whosemagnitude was similar
to direct sediment trap estimates made previously in the
Conowingo Reservoir or previous model simulations (Fig.
S2; Brady et al. 2013; Boynton et al. 1984; Testa and Kemp
2017). We repeated this annual cycle for each year in the
simulation period. In the third scheme for the Reservoir only,
we used estimates of TN input to the reservoir made at
Marietta, Pennsylvania (upstream of the 3 reservoir system),
assumed a constant fraction of the load was particulate in
nature, assumed a fixed C/N/P ratio based on prior reservoir
measurements (Boynton et al. 1984), and divided these inputs
by the area of the reservoirs. In this scheme, we assumed that
deposition occurred uniformly in the Reservoir and we aver-
aged the input data over a 90-day period to yield constant 3-
month periods of deposition (Fig. S3). In effect, we used the
time-series of inputs derived at Marietta to provide the tempo-
ral variability and scaled the overall input to values
constrained by simulations using the first two schemes.

Table 1 Parameters for the
sediment-transport model.
Particle settling velocities and
grain sizes are representative of
the classes observed in the settling
velocity experiments. The flow-
dependent fractions f1-f4 are de-
scribed in the results and shown in
Fig. 5

Fluvial sediment Bay bottom sediment

Sediment parameters Clay Fine silt Coarse silt

Grain size (mm) 0.002 0.007 0.0265 0.022

Settling velocity (mm/s) 0.003 0.045 0.632 0.31

Critical shear stress (N/m2) 0.013 0.022 0.09 0.49

Erosion constant (kg/m2/s) 4 × 10−5 4 × 10−5 4 × 10−5 5 × 10−5

Fraction (%) f1 f2 f3 + f4 100

Bottom porosity 0.91 0.91 0.91 0.91
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We estimated organic-matter reactivity in the depositing
material by simultaneously re-estimating the magnitude of
organic matter deposition and the relative fraction of the three
reactivity pools within the deposits. ‘G1’ indicates labile or-
ganic material that reacts at the timescale of 30 days, ‘G2’ is
refractory material that decays on the time scale of 18 months,
and ‘G3’ is very low reactivity organic matter that decays at
very long timescales. Model simulations in each suite of the
simulations were analyzed to maximize agreement between
observed and modeled sediment-water nutrient and oxygen
fluxes and sediment organic matter nutrient and carbon
fractions. We obtained estimates of bottom sediment carbon,
nitrogen, and phosphorus content from Edwards (2006) and
estimates of carbon, nitrogen, and phosphorus content of
water-column particles from Boynton et al. (1984). We did
not use the sediment percent carbon data, given the observed
presence of coal in many sediment cores (Edwards 2006).

Results

Inputs to the Estuary

River Discharge and Suspended Sediment Concentrations
(SSC)

Mean daily Susquehanna River discharge (flow on a given
day averaged over the entire record) from 1978 to 2017 was
highest during the spring freshet (~ 2000–2600 m3/s), lowest
during the summer and early fall (< 500 m3/s), and intermedi-
ate in winter (~ 1000–1500 m3/s); however, discharge on in-
dividual days varied over several orders of magnitude, from a
minimum of 20.3 m3/s on 2 Nov 1980 to a maximum of
20,064.7 m3/s on 9 Sept 2011. Concurrent SSCmeasurements
were made on 998 days out of the 14,610 days from 1978 to
2017. Sampling frequency of these measurements varied over
the years but was biased toward higher discharges, such that
the annual average discharge for days with SSC measure-
ments was twice as high as that which includes the entire
record. Even so, linear temporal trends were similar between
the two data sets (see Table S1 for statistical results), whether
discharge was averaged over 1- or 5-year periods.
Specifically, average river discharge during events decreased
over time, increased for non-events, and had no significant
trend for all flows together.

SSC ranged from a minimum of 1 mg/L, which may have
reflected the lower measurement limit and occurred on 5 days
(12 Feb 1980, 15 Jan 1986, 2 Feb 2000, 10 Dec 2012, and 4
Feb 2003), to 3680 mg/L on 20 August 2004. While there
were no consistent temporal trends in annual-average SSC
for all flows or event flows, years with large scour events were
notable outliers, particularly 2004 (annual average SSC 235 ±
888 mg/L) and 2011 (annual average SSC 245 ± 601 mg/L).

These extremes were not as apparent in the 5-year averages,
which significantly increased for event flows after 1982 (first
interval; note SSC data were unavailable for events in 1978 or
1982). To minimize the potential confounding effect of scour,
separate regression models were built for event flows below
the nominal scour threshold of 11,300 m3/s (400,000 cfs),
with no trends in annual-average SSC but a significant in-
crease in the 5-year average after 1982 (p = 0.06, R2 = 0.53).
Trends for flows above the scour threshold were not evaluat-
ed, since there were only 13 SSC observations during these
conditions. Both the 1- and 5-year averaged SSC decreased
significantly for non-event flows.

The relationship of SSC to river discharge was first evaluat-
ed simply by calculating their ratio, focusing on changes over
time rather than the absolute values, which minimizes the in-
fluence of climatic variability (i.e., higher particulate loads dur-
ing wet years) (Fig. 4; Table S1). Both 1- and 5-year average
ratios significantly decreased for all flows and non-event flows
but had no trend for event flows. Years with large scour events
(e.g., 2004, 2011) were notable outliers; annual-average ratios
for event flows below the scour threshold did not have a signif-
icant relationship with time, but 5-year average ratios showed a
significant increase after 1982. Alternatively, changing relation-
ships of SSC and river discharge were assessed through a
rating-curve analysis (Eq. 1). For this analysis, individual
curves were calculated for each 5-year time period for event
and non-event flows; changes in the rating parameters â (verti-
cal offset) and b (slope) of these models were then evaluated.
For all flows, values of â significantly decreased over time (p =
0.02, R2 = 0.61), indicating that recent SSC values are lower
than in the past for a given flow, but the value of b had no trend.
This was also true for non-event flows—significant decrease in
â (p = 0.001, R2 = 0.84) but no trend for b. Neither â nor b had a
significant temporal trend for events.

Gaps in the SSC measurement record were filled using the
corresponding rating curve for the year and flow conditions;
daily sediment loads were calculated by the product of SSC
and river discharge, then summed for each 1- and 5-year inter-
val. Total annual sediment loads (all flows) varied from 0.22 ×
106 t (2001) to 11.5 × 106 t (2011). For individual years, event
flows contributed between 12% (2009) and 98% (2011) of the
total load, with an average contribution of 62.0 ± 23.7%. Five-
year total sediment loads (all flows) varied from 2.1 × 106 t
(2013–2017) to 14.5 × 106 t (2008–2012), with an average
event contribution of 72.3 ± 17.5%. For comparison, event
flows occurred on roughly 10% of the days from 1978 to
2017 (1338 days out of 14,610 total days in the record).

Particulate Phosphorus (PP) and Nitrogen (PN)

Observed daily PP concentrations varied from 0.002 mg/L (2
Sep 1992) to 2.3 mg/L (8 Sep 2011), with highest values
occurring during large scour events. Annual average PP varied
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from 0.02 ± 0.02 mg/L (1997) to 0.22 ± 0.46 mg/L (2011), with
notably high values in 2004 (0.12 ± 0.3 mg/L) and 1981 (0.13
± 0.11 mg/L). Correspondingly, 5-year average PP was highest
in 1978–1982 (0.08 ± 0.09 mg/L) and 2008–2012 (0.09 ±
0.03 mg/L). However, the highest annual-average ratio of PP
concentrations to river discharge occurred in 1998, which did
not include a scour event, and the lowest annual-average ratio
was in 1996, which did include a scour event. Annual-average
ratios decreased for all flows and non-event flows (Table S1).
For event flows, these ratios decreased significantly for the first
~ 10 years (1979–1987; p = 0.04, R2 = 0.53; note that PP obser-
vations were not made during events in 1978 or 1982), then
increased significantly for the rest of the record (1988–2017;
p < 0.001, R2 = 0.34). Ratios averaged over 5 years showed no
consistent temporal trends for all flows but significantly de-
creased for non-event flows. For event flows, 5-year average

ratios significantly increased (p = 0.06, R2 = 0.55) but only after
1982, which had a relatively high ratio.

Observed PP concentrations varied widely with river dis-
charge, regardless of flow condition, limiting confidence in
regression models. Instead, daily values were obtained from
theWRTDSmodel (Zhang et al. 2015), which accounts for PP
variability with both time and discharge; these data were avail-
able only prior to April 2013, excluding the 2013–2017 time
period from further consideration. The total annual PP load
was highest in 2011 (15.1 × 103 t) and lowest in 2001 (0.63 ×
103 t). Event contributions varied from 8.4% (2009) to 92.9%
(2011), averaging 50.2 ± 0.23% on the annual scale. Averaged
over 5 years, the average event contribution was 61.0 ±
15.1%. The 5-year total PP load was highest for 2008–2012
(20.9 × 103 t) and lowest for 1998–2002 (5.4 × 103 t). There
were no obvious temporal patterns for the 1-year total PP

Fig. 4 Ratios of suspended sediment concentration (SSC) and nutrient
concentrations to river discharge for (top to bottom): non-event flows, event
flows, event flows below the scour threshold. For each row, the left hand
panel shows annual averages of SSC ratios, the middle panel shows 5-year

average SSC ratios, and the right hand panel shows 5-year averages of
particulate nitrogen (PN; red diamonds) and particulate phosphorus (PP;
yellow squares) concentrations. Significant linear regression fits are shown;
see Table S1 for associated statistical parameters
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loads; 5-year total loads increased for all flows and event
flows but had no consistent trend for non-event flows.

Observed daily PN concentrations varied from 0.001 mg/L
(20 May 1997, 2 Apr 2003) to 7.6 mg/L (8 Sep 2011). Annual-
average PN varied from 0.10 ± 0.05 mg/L (2009) to 0.70 ±
1.5 mg/L (2011) and showed a clear decrease over time, even
including an anomalously high value in 2011. Annual-average
PN also decreased over time for non-event flows but showed no
consistent temporal trend for event flows, whether or not flows
above the scour threshold were included. The 5-year average
PN concentration significantly decreased for all flows and non-
event flows. Five-year average PN significantly decreased for
event flows but only when 2008–2012 was excluded
(p < 0.001, R2 = 0.94); this was also true for event flows below
the scour threshold (p < 0.001, R2 = 0.89). The annual average
ratio of PN to river discharge significantly decreased over time
for all flows and non-event flows but showed no evident tem-
poral patterns for event flows, even after excluding large scour
events as potential outliers. The 5-year average ratio had no
consistent trends for all flows but declined significantly for
non-events. Five-year average ratios decreased for events but
only for those flows below the scour threshold. Only 14 PN
observations were made during flows above the scour
threshold.

Like PP, the wide variability of PN with river discharge
precluded robust rating-curve calculations, and PN loads were
calculated with WRTDS-derived concentrations (Zhang et al.
2015). The annual total PN load varied from 3.1 × 103 t in
1979 to 38.6 × 103 t in 2011. While there was no consistent
linear trend over time, annual loads significantly increased
from 1978 to 1996 (p = 0.01, R2 = 0.32), had similar and low
values until 2001, increased to 2004, then decreased to 2012.
The post-2004 decrease is statistically significant if 2011 is
excluded (p = 0.03, R2 = 0.65). Events contributed an average
of 41.8 ± 21.9% to the annual loads, highest in 2011 (90.7%)
and lowest in 2008 (8.3%), with no apparent temporal trends.
There was a significant increase in the 5-year total loads, with
an average event contribution of 49.4 ± 16.8%. Event contri-
butions generally increased over time, except for relatively
low contributions in 1988–1992 and 1998–2002.

Particle Settling Velocities

The range of flows sampled for the direct settling velocity mea-
surements was small, between 3030 and 4842 m3/s. The range
of suspended sediment concentrations (SSC) was larger, be-
tween 11 and 118 mg/L. While there was a tendency for SSC
to increase with increasing flow, there was significant variabil-
ity in SSC values at very similar flows, revealing the myriad
other factors that affect instantaneous SSC. Mass fractions in
different settling speed categories varied only slightly across all
dates and locations sampled. There was a tendency for the
fraction in the slowest settling category to decrease with

increasing flow, accompanied by a slight increase in the mass
fractions of the middle two settling categories. For the range of
flows sampled, approximately 70% of the SSC settled slower
than 0.01 mm/s, 25% settled between 0.01 and 0.2 mm/s, 4%
settled between 0.2 and 2 mm/s, and 1% settled faster than
2 mm/s. Mass fraction estimates in different settling speed cat-
egories based on disaggregated particle sizes from simultaneous
USGS samples were consistent with both Owen tube methods,
tending to split any differences between them (Fig. S4). The
settling velocity estimates using all three techniques were sta-
tistically indistinguishable, indicating that settling velocity esti-
mates based on USGS disaggregated particle sizes under a
broad range of flows are likely representative of actual settling
velocity distributions. This in turn implies that particles passing
through or over the Dam face are effectively disaggregated by
the energetic turbulent flow conditions found there.

Based on the good agreement between our Owen tube set-
tling experiments and the disaggregated particle size estimates
of settling velocity at Conowingo, we used USGS National
Water Information System (NWIS) data from Conowingo
covering a much broader range of flows and dates to extend
our analysis. Over the entire record, sampled flows ranged
from 419 to 16,774 m3 s−1, SSC from 13 to 2980 mg/L, and
settling velocity distributions from almost entirely in the
slowest settling category to more evenly distributed across
categories at very high flows. Figure 5 summarizes observed
changes in settling velocity distributions with increasing flow.
Linear fits to the mass fraction in each category sum to 1
across all flows, as required to conserve mass. The trends of
decreasing mass fraction with increasing flow in the slowest
settling category and increasing mass fraction with flow in all
other categories are much more apparent here than in our
direct settling velocity measurements, primarily because the
USGS particle-size data cover a much greater range of flows.
Denoting each of these linear fits as fi,

f 1 ¼ −1:938x10−5Flowþ 0:867
f 2 ¼ 0:997x10−5Flowþ 0:116
f 3 ¼ 0:773x10−5Flowþ 0:014
f 4 ¼ 0:168x10−5Flowþ 0:003

ð2Þ

These flow-dependent changes in mass fraction within dif-
ferent settling velocity classes were used directly in the nu-
merical model to more accurately simulate suspended sedi-
ment input characteristics across a wide range of river flows.

Fate of Sediment in the Estuary

Sedimentology

Mud content of surficial sediments (uppermost 1 cm in cores) in
the upper Bay generally increased downstream during the low-
flow years 2015 (p = 0.10; R2 = 0.71) and 2016 (p > 0.10). In
contrast, mud content decreased with distance downstream after
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TS Lee (Fig. 6a). Correspondingly, sediment at the most up-
stream site (Lee7; ~ 20 km from the Susquehenna River mouth;
see Fig. 3) was much coarser after non-event flows (~ 60–70%
mud) than after TS Lee (~ 90% mud), and sediment at the most
downstream site (LeeS2; ~ 120 km from the Susquehanna River
mouth) wasmuch finer after non-event flows (nearly 100%mud)
than after TS Lee (~85% mud). Averaged across sites sampled
in all years (n = 4), average mud content was higher after TS
Lee (89.9 ± 4.0%) than after non-event flows (lowest in 2015;
84.2 ± 14.1%), but the difference was not statistically signifi-
cant. 7Be inventories at each site indicate the amount of wa-
tershed sediment deposited within the previous 77–250 days
(see BMethods^). While average sedimentation rates can be
calculated by extrapolating the inventory over this time peri-
od, sediment likely was delivered relatively quickly after TS
Lee but more gradually under non-event conditions.
Inventories during 2015 and 2016 were highest at Lee2.5 (~
55 km from the Susquehanna River mouth; Fig. 6b), but the
maximum inventory after TS Lee occurred at Lee7 and de-
creased linearly downstream (R2 = 0.78, p = 0.005). For the
sites sampled in all years (n = 4), the average 7Be inventory

was highest after TS Lee (2.6 ± 2.1 dpm/cm2) and lowest in
2016 (0.9 ± 0.7 dpm/cm2); this difference was statistically sig-
nificant (p = 0.04; paired t test). Thus, the most obvious dif-
ferences between non-event and event flows occurred at the
most up- and downstream sites, with much more deposition
and finer sediments upstream, and less deposition and coarser
sediments downstream, after TS Lee.

Over longer, decadal time scales, sediment accumulation
rates were variable throughout the upper Bay, from 0.26 cm/
year at LeeS2 to 1.2 cm/year at Lee5 (~ 30 km from the
Susquehanna River mouth; Russ and Palinkas in review; Russ
2019). A precise accumulation rate could not be calculated for
Lee2, because the regression fit required by the CFCS model
was not statistically significant; instead the minimum rate of
0.81 cm/year was determined by noting the presence of excess
210Pb (~ 100 year) at the base of the core (81 cm). At all other
sites, regression models were statistically significant, implying
dominance of steady-state sedimentation, rather than event sed-
imentation, over longer time scales. Down-core grain-size pro-
files were generally uniform, supporting the interpretation of
steady-state sedimentation and also indicating that no major

Fig. 5 Mass fractions in different settling velocity classes as a function of flow speed, from USGS particle size observations at Conowingo Dam. The
linear least-squares fits for mass fraction in the different settling velocity classes sum to one across all river flows
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changes in sediment character have occurred in the upper Bay
over the last ~100 y.

Transport Modeling

The COAWST model simulated sediment dynamics in
Chesapeake Bay between 1 May 2015 and 30 June 2016, a ~
1-year period that includes the time of field observations
(August 2015, April 2016). The lack of event flows during this
period, and the absence of major storms, resulted in trapping of
most suspended sediments within the upper Bay around the
ETM zone (Fig. 7). Nevertheless, there were clearly seasonal
differences in SSC, with elevated SSC (10 mg/L) in the upper
Bay during the 2016 spring freshet, as well as transport of small
amounts of clay and silt to themid-Bay. Ultimately, most fluvial
sediments were deposited in the Susquehanna Flats, with thick-
nesses < 1 cm per month (Fig. 8).

Event conditions were simulated with hindcasts of TS Lee
(2011) and Hurricane Ivan (2004), two recent flood events that
had largest impacts on sediment loading into Chesapeake Bay.
While previous work with TS Lee assumed fixed percentages of
clay, silt, and sand (40%, 50%, and 10%, respectively; Cheng
et al. 2013) for Susquehanna River sediment, this hindcast of TS
Lee used flow-dependent percentages for the sediment classes
from the observations (i.e., Fig. 5 and Table 1). While the total
amount of flood-discharged sediment was unchanged (6.7 ×
106 t), there were major differences in the size distribution of
fluvial sediments. In Cheng et al. (2013), only 0.6 × 106 t of sand
was discharged to the Bay versus 6.1 × 106 t of clay and fine silt.
In contrast, the new model showed discharge of 1.5 × 106 t of
coarse silt and sand, 2 × 106 t of fine silt, and 3.2 × 106 t of clay
(Fig. S5). At these extreme river flows, larger amounts of coarser
sediment components were scoured from the Reservoir bed and
delivered to the Bay. The sediment plume after Hurricane Ivan
showed a similar temporal evolution as that observed during TS

Fig. 6 aMud content of surficial sediments and b total 7Be inventories at sites in the upper Chesapeake Bay plotted versus distance downstream from
Lee7 (arbitrarily set at 5 km) for 3 different time periods denoted by differing symbology

Fig. 7 Along-channel distribution ofmonthly averaged suspended sediment concentration under normal flow conditions experienced during the field campaigns
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Lee (not shown). Depositional patterns were also similar to TS
Lee: most coarse silts and sands were deposited in the upper
reaches of the Susquehanna Flats with a maximum thickness of
3 cm; fine silts were deposited everywhere in the upper Bay but
with highest deposition (1 cm) in the Susquehanna Flats; clays
were widely dispersed in the upper and mid-Bay regions with a
thickness < 0.3 cm (Fig. S5). Although the processes of sediment
transport and deposition were quite similar between Hurricane
Ivan and TS Lee, the magnitude of sediment flux and deposition
was quite different, responding non-linearly to Susquehanna
River discharge. Peak discharge during TS Lee was ~ 1.5 times
higher than during Hurricane Ivan (2.2 × 104 m3/s for Lee; 1.5 ×
104 m3/s for Ivan), but the total sediment load delivered to the
Bay was ~ 4.5 times higher after TS Lee than Hurricane Ivan
(6.7 × 106 t for Lee; 1.5 × 106 t during Ivan) (Fig. S6).While part
of this difference might be related to the longer flood duration for
TS Lee, a more likely explanation is the nonlinearity of the
loading curve.

Sediment Biogeochemistry and Exchange with Water
Column

Sediment-Water Fluxes in the Reservoir and Estuary

The overall rates of sediment oxygen uptake (Fig. 9) within
the three lower Susquehanna River Reservoirs and the upper
Chesapeake Bay were compared in spring 2016. Because tem-
peratures were changing rapidly, all rates were adjusted to
20 °C following Schnoor (1996). There were no significant
differences between the stations within the Reservoir or

between the Reservoir and the nearby upper Bay (Fig. 9).
The sediment-water exchange of soluble reactive phosphorus
was low and often directed into the sediment (Fig. S7).
Overall, the dominant efflux of nitrogen was as N2-N with
ammonium showing highly variable rates and average nitrate
plus nitrate concentrations directed into the sediment. In May
of 2015, sediment-water NH4

+ effluxes and NO23
− influxes

were elevated, but rates measured at all other times of year
were small (Fig. S7).

Characterization of Sediment Composition and Reactivity

Rates of anaerobic ammonium production were generally low,
with higher rates from fluvial sediments collected at the Dam
outflow than observed from a survey of 13 sediment stations.
Anaerobic nitrogen remineralization rates were determined
from sediment and suspended sediments using time course
incubations (Fig. 10). Observations from surficial sediments
(0–2 cm depth) averaged 15% of rates from the water column.
Long-term incubations of deeper sediments suggested ex-
tremely low rates of N remineralization, with the low rates
making measurements difficult, even over the course of >
180 days of incubation. These rates reflect a mix of terrestrial
and algal organic matter inputs and suggest that surficial sed-
iments quickly lose much of their reactivity after deposition.

Biogeochemical Modeling

Biogeochemical model simulations and diagenesis experi-
ments indicated that depositing organic material in the

Fig. 8 Monthly average of thickness of sediment deposits (in cm) in the upper Bay for (left to right) July 2015, January 2016, and June 2016
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Conowingo Reservoir has moderate/low reactivity relative to
phytoplankton-derived organic material (26%G1; 20% in G2;
54% in G3 in Reservoir versus 65%G1; 20%G2 and 15%G3
for phytoplankton) and that 94% of the sediments that accu-
mulate in the Reservoir were refractory. Consequently,
sediment-water fluxes of dissolved inorganic nitrogen and
phosphorus were low and contributed a small fraction (<
0.1%) of the export flux of nitrogen and phosphorus from
the Reservoir (Fig. S7). Using model-derived estimates of
sediment P and N content of the sediment and assuming that
scour could remove either the top 5 cm or 10 cm of the sed-
iment, the potential relative contribution of scoured reservoir
sediments to this export flux during events is much higher for
phosphorus than for nitrogen. For phosphorus, scouring bot-
tom sediments to a depth of 10 cm would represent 131% of
the annual TP export from the Reservoir, while for nitrogen, it
would account for only 7.3%. This reservoir scour estimate is
half of the TP load delivered during TS Lee, but only 12% of
the TS Lee TN input.

The potential biogeochemical impact of depositing scoured
Reservoir sediments in the upper Bay was explored via nu-
merical experiments. Specifically, the sensitivity of sediment-
water fluxes to altered deposition rates and composition of
depositing organic material (scoured Reservoir sediments ver-
sus more typical phytoplankton detritus) was tested (see
BMethods^). While changes in deposition rates yielded

expected proportional changes in sediment C:N:P content
and sediment-water fluxes (Fig. 11), increased deposition
rates only resulted in better representation of dissolved O2

fluxes. In addition, while all three simulations represented
sediment nitrogen content well (model = 0.19 %N, data =

Fig. 9 Sediment oxygen demand
as a function of latitude, including
upper bay sediments and all 3
reservoirs in the lower
Susquehanna River. The data
were all collected in April 2016,
with temperatures of 9.6 °C in
Conowingo Reservoir, 14.5 °C in
the upper Chesapeake Bay, and to
18 °C in Lake Clarke and Lake
Aldred. All plotted data were
adjusted to 20 °C following
Schnoor (1996) to allow a more
direct comparison. The error bars
represent standard deviation and
there was no significant differ-
ence in the different segments

Fig. 10 Plot of ammonium concentrations on a dry mass basis for 16
anaerobic sediment incubations from May 2015 and 7 anaerobic water-
column incubations from February 2016. The error bars are standard
errors, and the slopes are 0.05 and 0.223 μmol g−1 day−1 for sediment
and water column
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0.23 ± 0.05 %N), they under-predicted %C (model = 1.9, da-
ta = 3.9 ± 1.3), and over-predicted %P (model = 0.14, data =
0.06 ± 0.02). We also compared three simulations with differ-
ent formulations for the estimated organic matter deposition
rates. In addition to the BBase^ scenario, we deposited the
same organic material as in the BBase^ case but with reactivity
fractions matching the Conowingo simulation; we also esti-
mated organic-matter deposition rates from overlying-water
chlorophyll-a, which has increased slightly over time
(Fig. 11). These simulations revealed that dissolved O2 and
ammonium fluxes were better represented by the chlorophyll-
a based deposition rates, but that phosphorus pools and
sediment-water fluxes were overestimated (Fig. 11).

Synthesis of recent sediment-water fluxes measurements
with historic observations indicates that sediment-water fluxes
of nitrogen and phosphorus in the Conowingo Reservoir are
similar to upper Chesapeake Bay and are low relative to
mesohaline Bay sediments. Measurements made in 2015 in-
dicate that sediment-water P fluxes in the Conowingo

Reservoir and upper Bay typically range from low rates of
net uptake (~− 15 μmol P m−2 h−1) to low levels of net release
(~ 2–15 μmol P m−2 h−1), compared to warm-season maxima
of 30–90 μmol P m−2 h−1at low-oxygen, mid-Bay stations
(Testa et al. 2013). Similarly, recently observed ammonium
fluxes range from 0 to 600 in the Conowingo and Upper
Bay (with the majority of fluxes < 200 μmol N m−2 h−1,
compared to rates consistently in the range of 300–
800 μmol N m−2 h−1at low-oxygen, mid-Bay stations
(Brady et al. 2013). While the low N and P fluxes typical
of upper Bay and Reservoir sediments have been mea-
sured in shallower, well-oxygenated sediments, these
sediment-water flux rates are elevated in adjacent deeper
sediments, which cover a limited area in the upper
Chesapeake Bay (Boynton and Rohland 1998). Clearly,
despite consistently high deposition rates in these low-
salinity regions of Chesapeake Bay and the upstream
Conowingo Reservoir (see above), the sediments in these
habitats efficiently retain nutrients.

Fig. 11 Modeled (lines) and/or observed (circles) diagenesis rates, sedi-
ment carbon/nutrient content, and sediment-water fluxes for the year
2015 under the baseline simulation (black lines; Brady et al. 2013), a
simulation based upon the baseline POM deposition rates but with

Conowingo Reservoir sediment-like material (red lines; G1 = 0.26,
G2 = 0.2, G3 = 0.54), and deposition calculated from algal G fractions
and observed water-column chlorophyll-a time-series (blue lines; G1 =
0.65, G2 = 0.2, G3 = 0.15)
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Discussion

This paper synthesizes data from a variety of methods, each of
which have their own limitations and uncertainties (see
BMethods^ and Fig. 1). However, all of these data resulted
from a coordinated interdisciplinary study, such that observa-
tions and model results represent similar spatial and temporal
scales. For example, sedimentological and biogeochemical
field sampling was simultaneous in the upper Bay, and trans-
port and biogeochemical modeling covers the period of these
observations. Additional transport-model runs for 2004 and
2011 captured event conditions that were not present during
the field study. The 2011 model run is the same as Cheng et al.
(2013), but with updated parameterization provided by the
particle-settling velocity experiments, and compared to field
observations of the same event by Palinkas et al. (2014).
Because we were interested in changes over time, we obtained
river discharge and suspended-constituent data for as many
years as possible. We chose to run these analyses through
2017 to have 4 full decades of data. The sediment biogeo-
chemical model was run from 1985 to 2015 to validate the
model against observations made at various times over the
past three decades; analysis of model output focuses on
2015 when most contemporary observations were made. As
such, the dataset for this paper is unique in its spatial and
temporal scope, capturing physical and biogeochemical pro-
cesses along the entire river-estuary continuum. In particular,
these data reveal that the character and magnitude of particu-
late dynamics throughout the Susquehanna River-upper
Chesapeake Bay continuum are quite different for non-event
and event flows. Thus, it is useful to consider the two condi-
tions separately.

Non-event Flows

Non-event flows occur most of the time, ~ 90% of the days
since 1978, and thus represent Bevery-day^ conditions. In the
reservoir, sediment deposition is driven by a balance of sedi-
ment supply and physical energy, following expectations from
most river-delta systems and reservoirs around the world
(Alexander et al. 1991; Pirmez et al. 1998; Palinkas 2009).
In particular, most sediment delivered at the upstream reser-
voir boundary remains in suspension due to higher physical
energy and is transported to the more quiescent middle region,
where it can rapidly deposit. Near the downstream boundary,
sediment supply has been depleted and the energy is likely
higher due to the Dam turbines, inhibiting deposition.
Suspended sediment and attached nutrients are thus
transported over the Dam and are largely composed of water-
shed material, since flows are typically well below any esti-
mates of the scour threshold.

Suspended-sediment, and attached phosphorus and nitro-
gen, loads delivered to the Bay past Conowingo have declined

since 1978 for equivalent non-event river flows. This decrease
occurred even though river discharge on the same subset of
days increased and likely reflects impacts of BMPs in the
watershed. For the Susquehanna, most trend analyses of loads
since the 1980s indicate increasing loading of particulate
forms of N and P (Hirsch 2012; Zhang et al. 2013), but these
studies include all river flows together. For the low, non-event
flows that occur most of the time, our analyses show just the
opposite—decreasing loads over time that likely reflect efforts
in the watershed to reduce these loads through BMP
installation.

Event Flows

Event flows are stochastic and have significant, non-linear
effects on river discharge, sediment dynamics, and geochem-
istry. In the Reservoir, event flows redistribute sediment, erod-
ing temporary stores from channels and the mid-Reservoir
region and transporting them downstream near the Dam,
which facilitates net accumulation by its physical presence,
and over the Dam into the upper Bay. Flows that exceed the
scour threshold are particularly effective at delivering large
amounts of Reservoir sediment to the upper Bay, and there
is currently much interest in defining the threshold value. The
often-cited 400,000 cfs (11,326.7 m3/s) value originated from
Gross et al. (1978), cited by Lang (1982), and was based on a
1-year comparison of sediment loads at Harrisburg (PA, up-
stream of the Marietta gauge) and Conowingo, assuming that
the threshold occurs when loads at Harrisburg are lower than
at Conowingo. This comparison necessarily assumed no sed-
iment inputs/outputs between these two gauges, ignoring sev-
eral small tributaries and perhaps more importantly the two
reservoirs upstream of Conowingo. More recent work sug-
gests that the scour threshold has decreased with Reservoir
infill and now could be as low as 175,000 cfs (4955.4 m3/s;
Hirsch 2012).

Our analyses of event flows between the typical opening of
the first flood gate at 86,400 cfs (2446.5 m3/s) and 400,000 cfs
showed increasing amounts of suspended materials for an
equivalent river discharge over time, consistent with a de-
creasing scour threshold. However, there is another effect of
reservoir infill that has received much less attention—
decreasing deposition of watershed sediment as it passes
through the reservoir. Decreasing deposition accompanies
infilling because the decrease in cross-sectional area due to
infilling increases flow speed and bottom stress, which keeps
sediment in suspension. Both a lower scour threshold and
decreasing deposition are likely active and drive the observed
increased in suspended loads during moderately large flows.
Event flows > 400,000 cfs occur infrequently (every ~ 5–
7 years), and have few observations of SSC and particulate
nutrients (n~15 for the entire 1978–2017 period), preventing
robust trend analyses.

Estuaries and Coasts

lowsu
Highlight



Recent attention has been focused on the potential im-
pacts on Chesapeake Bay of elevated particulate N and P
inputs associated with more frequent scour events within
the Conowingo Reservoir (e.g., Cerco 2016). Our synthe-
sis suggests that the potential biogeochemical impacts of
these elevated inputs are limited in time and space for
several reasons. First, despite the fact that scour events
likely occur even more frequently than indicated by the
400,000 cfs scour threshold, model analyses of reservoir
sediments suggest that a substantial scour event (top 5 cm
of the entire reservoir) would contribute 20% of P loads in
a TS Lee-like storm and only 6% of N loads. The scoured
particulate N and P loads that do enter the Chesapeake Bay are
also highly refractory (turnover time » 1 year). Second, partic-
ulate forms of N and P that enter Chesapeake Bay are efficiently
retained in the upper Bay, especially near the Susquehanna
River mouth, due to high sinking rates or trapping within the
ETM (Sanford et al. 2001). Our finding that delivered particles
coarsen and associated settling speeds increase as flow rates
increase further amplifies upper Bay sediment trapping. Third,
the tidal fresh/oligohaline region where the majority of sedi-
ments deposit has typically low rates of sediment-water N and
P fluxes, as a result of high rates of denitrification (Testa et al.
2013), effective phosphorus retention in iron-enriched, oxidized
sediments (Hartzell et al. 2017), and low reactivity of the or-
ganic material (Fig. 10). Furthermore, any scoured material that
is regenerated in the upper Bay enters a highly enriched water
column that is rarely nutrient limited (Fisher et al. 1999).
Consequently, model simulations of scour events within
Conowingo Reservoir have only shown marginal impacts on
dissolved oxygen (Cerco 2016).

Over longer, decadal time scales, event sediments in this
region are effectively redistributed such that their signal is
not obvious in sediment cores. However, unlike non-event
flows, event flows are capable of transporting fine sedi-
ment downstream of the ETM as evidenced by model re-
sults and preservation of event-sediment signatures in
cores. When sediment reaches the mid-Bay region, it en-
counters saltier, mesohaline waters that in the Chesapeake
ecosystem are typically hypoxic or anoxic during summer
(Testa and Kemp 2014). Low oxygen conditions, in com-
bination with high concentrations of sulfate that eventually
lead to sulfide accumulation, allow for high rates of
sediment-water efflux of phosphorus and ammonium, es-
pecially during warm months (Cowan and Boynton 1996;
Testa and Kemp 2012). While we do not have model sim-
ulations or measurements to track the potential relocation
of particulate nutrients from their initial deposition in the
upper Bay to more seaward waters, prior analysis in
mesohaline Chesapeake Bay sediments has shown clear
relationships between recently deposited chlorophyll-a
and N and P fluxes (Cowan and Boynton 1996), indicating
that local phytoplankton production drives these fluxes.

It is important to keep inmind that, while events can deliver
enormous amounts of sediment to the Bay, they occur infre-
quently (~ 10% of the time). Moreover, sediment deposition
in the mesohaline region is relatively small in magnitude
(e.g., only ~ 1 cm after TS Lee), minimizing potential im-
pacts to Bay biogeochemistry. In fact, the Bay has been
remarkably resilient to recent storm events. For example,
SAV beds in the upper Bay experienced some erosion dur-
ing TS Lee but were able to mostly withstand the event
(Gurbisz et al. 2016). In the years following, most indicators
of Bay health show improving water quality and expansion
of SAV in low-salinity regions (Lefcheck et al. 2018; Testa
et al. 2018; Zhang et al. 2018). However, note that no other
large events occurred after TS Lee until July 2018 when the
Susquehanna River at Conowingo crested at 376,000 cfs
(10,647.1 m3/s; https://waterdata.usgs.gov/nwis). Between
those two events, the highest flow (except for 1 day in
Feb 2013) was during the 2017 spring freshet when the
highest flow was 177,870 cfs (5036.7 m3/s; https://
waterdata.usgs.gov/nwis). This gap between large events
likely aided the Bay’s recovery, similar to the string of dry
years that likely aided recovery of SAVon the Susquehanna
Flats (Gurbisz and Kemp 2014).

Prior investigations into the impacts of reservoir con-
struction on the transport of material to the coastal zone
and the subsequent response have often differed from our
discussion of the lower Susquehanna River reservoirs.
While the primary problem identified with the infilling of
Conowingo Reservoir is the potential increase in particu-
late nutrient inputs, the focus of other studies has often
examined dam impacts on nutrient load reductions. In part,
this discrepancy reveals the contrast between reduced sed-
iment trapping in mature reservoirs (Conowingo) versus
increased sediment trapping in young reservoirs. For ex-
ample , the once highly product ive f i sher ies of
Mediterranean waters near the outflow of the Nile River
appeared to degrade after the construction of the Aswan
Dam, which severely reduced riverine sediment and nutri-
ent inputs (Nixon 2003), but fisheries recovered once an-
thropogenic nutrient inputs increased. The construction of
the Three Gorges Dam on the Yangtze River reduced the
silica to nitrogen ratio and nutrient inputs overall, which
was associated with phytoplankton productivity declines in
the East China Sea (Gong et al. 2006). Long-term reduc-
tions in the silica to nitrogen ratio have been described for
other large rivers (e.g., Mississippi; Turner and Rabalais
1991), and in some cases, these altered rations have been
associated with reduced diatom productivity (e.g., Danube
River and Northwestern Black Sea; Humborg et al. 1997).
Thus, the nature of the history and geology of a given dam
(age, trapping capacity) is critical to understanding its role
in the productivity and biogeochemistry of receiving
waters.
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Conclusions

This study synthesized field observations, model results,
and long-term monitoring data along the reservoir-estuary
continuum to evaluate potential impacts of Conowingo
Reservoir infilling on Chesapeake Bay biogeochemistry
(see Fig. 1). Results show that, for equvialent river dis-
charges, sediment loading has decreased during non-event
flows but increased during event flows (question 1 in the
Introduction). The potential biogeochemical impacts of
these elevated inputs is limited, because scoured particu-
late nitrogen (N) and phosphorus (P) loads that do enter
the Bay are highly refractory (turnover time » 1 year) and
would contribute a relatively small fraction of loading in
an extreme storm like Tropical Storm Lee (question 2).
Also, these sediments are efficiently retained in the upper
Bay due to high sinking rates or trapping in the ETM but
can be transported downstream during events (question
3). Thus, while large precipitation and riverine flow
events are significant and can generate a substantial
short-term impact on receiving waters in Chesapeake
Bay, the estuary is remarkably resilient to storms (ques-
tion 4). This recovery potential is likely aided by long
time lags between major events and an underlying im-
provement in watershed management that is evident dur-
ing low flow periods. The maturation of dams (i.e.,
infilling) over time shifts these constructed ecosystems
from net nutrient and sediment sinks to sources, which
changes their effect on downstream waters from that of
a nutrient and sediment sink to that of a source. The
Chesapeake Bay will be negatively influenced by contin-
ued infilling of reservoirs and the loss of an unintended
watershed BMP, but the scale of the potential impact of
elevated particulate nutrient inputs on the mainstem
Chesapeake Bay is likely small compared to ongoing re-
ductions in dissolved nitrogen and phosphorus in many
regions of the watershed.
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