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Executive Summary 
 

Measurements of biogeochemical concentrations and rate processes were made in the Conowingo 
Reservoir, upper reservoirs (Lake Clarke, Lake Aldred) and the upper Chesapeake Bay in 2015 and 2016.  
The assessment program consisted of measurements of sediment-water exchange, pore water and solid 
phase chemical profile measurements, estimates of organic matter reactivity, and measurements of 
adsorbed ammonium.  

Sediment-water exchange measurements were made at multiple sites in the Conowingo Reservoir on 5 
occasions; modest rates of oxygen uptake, ammonium efflux and nitrate uptake were observed, with 
high rates of denitrification on some dates.  Overall rates were comparable to measurements in the 
upper Chesapeake Bay.  Long (10’) cores showed considerable variability in grain size, carbon, nitrogen 
and phosphorus concentrations.  Pore waters were characterized by high dissolved iron, low 
concentrations of soluble reactive phosphorus, and variable concentrations of ammonium.  
Measurements of organic matter reactivity showed modest rates of C and N regeneration, with water 
column particulates having a reactivity >10 times that of bottom sediments. 

The sediment-water exchange rates of phosphorus in Conowingo Reservoir, Lake Clarke and Lake Aldred 
were very low, suggesting that the abundant iron oxides were highly efficient at P retention.  Low pore 
water phosphorus concentrations were observed, likely from a combination of adsorption and iron 
phosphate mineral formation.  A sulfide extraction technique was developed to simulate the diagenetic 
remobilization of inorganic phosphorus bound to iron oxides.  The sulfide-extractable comprised ~25% 
of total P in Conowingo sediment deposits.  With low yields of P from upper bay sediments evident from 
sediment-water exchange measurements, combined with only modest potential P effluxes from mid-bay 
sediments, these result reinforce the bay model predictions that P from scours would not have a large 
effect on the Chesapeake Bay. 

Nitrogen recycling as ammonium in the Conowingo Reservoir would contribute <1% of the ammonium 
regenerated in the upper Chesapeake Bay.  The Conowingo reservoir has an area < 1% of Maryland’s 
mainstem bay, and a complete movement of the organic matter metabolism from the reservoir to the 
bay would result in a < 1 % increase in nutrient remineralization and flux.  Observations of high adsorbed 
ammonium in Conowingo Reservoir sediments showed  surprising high values;  scour of these deposits 
into the Chesapeake Bay might contribute ammonium in an amount equivalent to 2% of average annual 
N inputs.
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Introduction 

Program Objectives/Report Overview 
 

The motivation for this assessment program was to supplement the information in the Lower 
Susquehanna River Watershed Assessment (LSRWA) with new information on nitrogen and phosphorus 
cycling in the Conowingo Reservoir and the upper Chesapeake Bay.  This additional data was request by 
the Maryland Department of Natural Resources (MDDNR) and Maryland Department of the 
Environment (MD) to better evaluate Exelon Generation’s application for a water quality certification.   

The LSWRA work examined the effects of increased scour on the Chesapeake Bay.  The broad premise is 
that infilling of the Conowingo Reservoir has led to lower trapping of suspended particulates and a 
dynamic equilibrium in which deposition of sediments into the reservoir is balanced by large scale scour 
of sediments under high flow conditions (Hirsch 2012, Cerco 2016, Zhang et al. 2016). Erosion during 
tropical storm Lee resulted in substantial deposition of sediments in the upper Chesapeake Bay (Palinkas 
et al. 2014).  Input of scour scenarios in the Chesapeake Bay Model resulted in small losses of dissolved 
oxygen in several mid-bay model segments (Linker et al. 2016). Despite the relatively low effect of the 
modeling changes on oxygen, these effects were thought to create additional difficulties for achieving 
the Total Maximum Daily Load (TMDL) goals of the Chesapeake Bay Program.  Refinement of model 
parameters was an important goal of the current assessment. 

The UMCES program (Figure 1) was one component of the overall assessment, with substantial water 
quality efforts provided by Exelon and its contractors, the United States Geological Survey (USGS), and 
MDDNR.  The University of Maryland Center for Environment Science (UMCES) program elements 
included biogeochemical characterization (this project), geological characterization of bed deposits, 
hydraulic characteristics of suspended materials, sediment modeling and modeling of sediment 
transport processes in the upper Chesapeake Bay.   

The biogeochemistry program consisted of 4 main elements: 

1.  Seasonal measurement of sediment-water exchange of nutrients and oxygen (“fluxes) in the 
Conowingo Reservoir.  In addition, flux measurements were made in the upper reservoir pools 
(Lake Aldred, Lake Clark) and the upper Chesapeake Bay. 

2.  Characterization of pore water and solid phase chemistry on short and long cores from the 
Conowingo Reservoir. 

3. Determination of the reactivity of Conowingo sediments using anaerobic incubations of bottom 
and suspended sediments. 

4. Experiments using Conowingo sediment additions to bay sediments. 
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Figure 1.  Outline of UMCES Conowingo/Upper Bay Assessment Program (from proposal). 

The key part of this characterization of biogeochemical processes, in comparison to the LSWRA 
assessment, was the measurement of biogeochemical rate processes.  This information is useful for 
assessing the impact of Conowingo bed deposits on the composition of the water flowing through the 
reservoir, as well as potential Chesapeake Bay impacts. 

The results presented in this report are organized into sections that are complete and ready for journal 
submission, as well as sections dominated by data presentation.  Consistent with the mission of UMCES, 
two of the detailed sections were written by 1) a graduate student (Zoe Vulgaropulos) and 2) a post-
doctoral   researcher (Dr. Hamlet Perez) who had previously carried out similar sediment flux work in a 
hypereutrophic lagoon as part of his work at the University of Puerto Rico Rio Piedras (Perez-Villalona et 
al. 2015). 

Background:  Biogeochemical Cycling of Nitrogen and Phosphorus in Aquatic 
Sediments 
The cycling of nitrogen and phosphorus in aquatic sediments depends on: the source and quality of 
organic matter; overlying water characteristics including pH, nutrient and dissolved oxygen 
concentrations; animal impacts such as bioirrigation, bioturbation and filtration; sediment grain size; 
dark/illuminated conditions; and temperature.  Consequently, a broad range of sediment-water 
exchange rates are observed in lakes, reservoirs and estuaries.  A broad background narrative on 
sediment N and P cycling follows here. 

Aquatic/Estuarine N Cycling  
The sedimentary cycle of nitrogen deposited from the water column is often complex and is related to 
the overall rate of sediment metabolism and N regeneration (a function of organic matter loading), 
concentrations of overlying water nitrate, dissolved oxygen and salinity, and other factors such as 
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bioturbation/bioadvection of burrowing/filtering organism(Cornwell et al. 1999, Joye and Anderson 
2008, Kellogg et al. 2013, Testa et al. 2013, Testa et al. 2015).  The amount and reactivity of the organic 
matter is key to nutrient remineralization, with stable isotopes suggesting that there is a gradient of the 
quality of organic matter from the Conowingo Dam to the Chesapeake Bay Bridge.  This gradient is 
generally related to a switch from terrestrial, poorer quality organic matter, to higher quality organic 
matter from estuarine algae (Cornwell and Sampou 1995).  The erosion of sediment deposits from 
behind the Conowingo Dam may increase N deposition during floods, but the biogeochemical effect 
depends very much on the organic matter quality.  This program is designed to identify the 
bioavailability of organic C and N.   

The remineralization of organic nitrogen from algal or other sources is a key first step in sediment 
nitrogen cycling, and ammonium (NH4

+-N) is the initial inorganic product of organic matter breakdown 
(Figure 2).  Under aerobic conditions, ammonium can be nitrified, with nitrate as an end product.  This 
nitrate, as well as the nitrate influx from overlying water, can be reduced to N2 gas, a process generally 
referred to as denitrification.  This process is a major nitrogen removing process in aquatic sediments 
and is generally has a positive effect in eutrophic systems.  A number of alternative pathways are also 
observed in aquatic sediments (Koike and Hattori 1978, Risgaard-Petersen et al. 2004, Burgin and 
Hamilton 2007, Rich et al. 2008, Giblin et al. 2013) 

 

Figure 2.  Outline of N cycling processes in aquatic sediments 

A further consideration is whether the remineralization of N in the reservoir, from these same 
particulates, would generate the same amount of algal-available N as it would in the estuary.  Reservoir 
and estuarine sediments either can take up or release ammonium or nitrate, with denitrification 
intercepting some of the remineralized N. Comparing the balance of these effluxes of bioavailable N and 
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inert N2 gas in reservoir versus bay sediments will have a large impact of the magnitude of flood-related 
biogeochemical changes in the Chesapeake Bay.  

Estuarine P Cycling  
In order for these larger particulate P inputs to have a large effect on P biogeochemistry and biological 
production, there are a number of key questions: 

1. In a given bay segment, is P a key limiting factor to the growth of phytoplankton or possibly 
epiphytes on submerged aquatic vegetation?  The role of light, N and P limitation of algal 
growth varies by salinity/location and season (Fisher et al. 1992, Fisher et al. 1999, Kemp et al. 
2005).  In the upper Chesapeake Bay, dissolved P would likely be the limiting nutrient, with light 
limitation also a key factor in this particulate-rich environment. 

2. Since dissolved P is the substrate for algal nutrition, does suspended particulate P represent an 
important source of P for algae?  Studies in the Chesapeake Bay suggest that algae rather than P 
adsorption/desorption regulates P concentrations (Conley et al. 1995), despite a paradigm that 
particulates and salinity-driven desorption could control dissolved P (Froelich 1988, Fox 1990, 
Gardolinski et al. 2004).  Our work suggests that P desorption from suspended particulates is not 
a major control of P cycling in the Potomac estuary (Limnotech and UMCES 2007) and recent 
work suggests that desorption from iron oxides, a dominant form of inorganic P incorporation 
into particulates (Jordan et al. 2008), is not an important means of P release from suspended 
particulates (Spiteri et al. 2008). 

3. Would sediment release of the added P result in a large production of dissolved P?  Sediment-
water exchange studies in the mainstem Chesapeake generally suggest that in the low salinity 
upper bay, sediments are highly retentive of P (Cowan and Boynton 1996), often with dissolved 
P uptake by the sediments.  In  general, P release is enhanced by anoxia in saline Chesapeake 
environments (Callender 1982, Cowan and Boynton 1996, Jasinski 1996, Boynton 2000) and 
elevated pH often associated with cyanobacterial blooms in tidal freshwater areas (Seitzinger 
1991, Bailey et al. 2006, Gao et al. 2012).  In addition, in mesohaline environments, we observe 
high rates of P release in oyster communities (Kellogg et al. 2013).  In general, we expect P 
release from surface sediment particulates to occur under more saline condition (Cowan and 
Boynton 1996, Hartzell et al. 2017) in areas which are typically N limited in the summer. 

4. Have experiments shown sediment P release to overlying water under different conditions?  In 
the mainstem Chesapeake, experiments in which mesohaline sediments were driven to anoxia 
showed high rates of P efflux (Jasinski 1996).  Our work at a proposed mesohaline dredge 
disposal site also showed that the addition of oxidized sediment from shipping channels resulted 
in high P releases under anoxia (Cornwell et al. 2000).  Experimental work with Potomac and 
Sassafras River sediments (Gao et al. 2012) confirm  previous observations of pH-driven P 
release.  
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Study Chronology 
 

The major activities of this project are tabulated in Table 1.  Not included are the unsuccessful 
initial sampling efforts for long core collection and the suspended sediment collections.   

 

Table 1.  Listing of major field activities for the UMCES Conowingo bottom sediment biogeochemistry 
program. 

Date Activity Comments 

May 19, 2015 Conowingo.  Short core collection for sediment-water 
flux measurements, pore water, diagenesis 

13 sites, fluxes on all with 3 
fluxes at sites replicated 

July 21, 2015 Conowingo.  Short core collection for sediment-water 
flux measurements, pore water, diagenesis 

8 sites with duplicate cores 

Aug 11, 2015 Upper Chesapeake Bay.   Short cores collected aboard 
R/V Rachel Carson, fluxes at 4 sites, sediment addition 
experiments at 3.  

 

August 2015 – 
multiple dates 

Conowingo.  5 long cores collected by Exelon.  Used 
for solids, diagensis, pore water 

 

Sept 22, 2015 Conowingo.  Short core collection for sediment-water 
flux measurements, pore water, diagenesis 

8 sites with duplicate cores 

Dec 3, 2015 Conowingo.  Short core collection for sediment-water 
flux measurements, pore water, diagenesis 

6 sites with duplicate cores.  
Full sampling limited by high 
winds 

April 13, 2016 Conowingo.  Short core collection for sediment-water 
flux measurements, pore water, diagenesis 

8 sites with duplicate cores 

April 27, 2016 Lake Clarke, Lake Aldred.  Short core collection for 
sediment-water flux measurements, pore water, 
diagenesis 

3 sites with duplicate cores 
in each reservoir 

April 28, 2016 Upper Chesapeake Bay.   Short cores collected aboard 
R/V Rachel Carson, fluxes at 3 sites, sediment addition 
experiments. 
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Methods 
 

The methods used in this project are described below.  In cases when more specialized analyses were 
used for limited numbers of activities, they are described in the individual result/discussion sections.   

Sediment Collection 
For short core collection in reservoirs, 23’ or 25’ outboard boats were used as a coring platform, with 
locations located using GPS.  Exelon and UMCES safety protocols were observed in all sampling.  Coring 
locations were initially chosen in conjunction with Exelon.  In May 2015, duplicate cores were collected 
at sites 4, 5 and 8 and a total of 13 sites were sampled.  In July 2015, September 2015 and April 2016, 
eight sites were sampled and all had duplicate cores at each site.  In December 2015, high winds at the 
northern end of the Conowingo Reservoir resulted in truncation of sampling to 6 sites.  Three sites were 
sampled in Lake Clarke and Lake Aldred in April 2016, with duplicate cores collected.  The reservoir 
locations and sampling times are shown in Table 2 and Figure 3.  At all reservoirs, a gradient of cores 
was collected from the dam northward.   

Reservoir cores were collected using a Soutar box corer or a pole corer (Figure 4) that we have used in 
previous studies of aquatic sediments (Cornwell et al. 2014, Gao et al. 2014a).  The box corer was 
deployed by hand using a davit and 6.3 cm id flux cores were inserted into the core box.  Cores that 
were disturbed in the coring process were rejected and the corer was deployed a second time.  In 
addition to flux cores, extra cores were collected at each site for Ms. Emily Russ in support of Dr. Cindy 
Palnkas’ characterization program.  At selected sites, an extra core was collected for pore water analysis 
or for collection of sediment for diagenesis experiments.  The pole corer was effective at shallow depths 
and was able to collect relatively coarse sediment deposits. 

On two occasions (Table 3), sediments were collected in the Chesapeake Bay using the R/V Rachel 
Carson.  A HAPS corer (KC Denmark, http://www.kc-denmark.dk/products/sediment-samplers/haps-
corer/haps-core.aspx) was used for sediment collection, with the 13.6 cm id stainless steel tube sub-
cored with our flux cores (Figure 5).  The R/V Carson used differential GPS with dynamic positioning to 
maintain exact position during the coring operation.  Cores for a final sediment addition experiment 
were collected in the Chesapeake mid-bay on one occasion using the Soutar corer. 

At each reservoir station, surface and deep measurements of conductivity, temperature, and dissolved 
oxygen were made using a YSI multiparameter sonde.  Similar measurements were made at bay 
stations, including salinity.  Water was collected via pump from two reservoir locations for use in 
sediment incubations and from multiple locations in the Chesapeake Bay. 

After collection, cores were place upright in large insulated containers full of site water; this mode of 
containment helped maintain ambient temperatures during transport to the incubation facility at Horn 
Point Laboratory. 

 

http://www.kc-denmark.dk/products/sediment-samplers/haps-corer/haps-core.aspx
http://www.kc-denmark.dk/products/sediment-samplers/haps-corer/haps-core.aspx


 

7 

 

Table 2.  Locations and sampling dates for sediment-water exchange cores in lower Susquehanna 
River reservoir locations.   

Site ID Lat N Long W May 19 

 2015 

July 22 

2015 

Sept 22 

2015 

Dec 3 

2015 

April 13 

2016 

April 27 

2016 

Conowingo Reservoir 

1 39.77340 76.26538 X      

2 39.77679 76.25802 X X X X X  

3 39.76044 76.24958 X X X  X  

4 39.75986 76.24252 X      

5 39.74719 76.24574 X X X X X  

6 39.72934 76.23305 X      

7 39.72224 76.23582 X X X  X  

8 39.69210 76.21880 X X X X X  

9 39.69676 76.21145 X X X X X  

10 39.66166  76.18556 X      

11 39.66305  76.18528 X X X X X  

12 39.66582  76.18250 X      

13 39.66916  76.18111 X X X X X  

Lake Clarke 

LC1 39.92560 76.41412 Dec     X 

LC2 39.93180  76.43603 April     X 

LC3 39.96837 76.47240      X 

Lake Aldred 

LA4 39.84358 76.35012      X 

LA5 39.85738  76.35657      X 

LA6 39.87347  76.37805      X 
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Figure 3.  Locations of short core collection for sediment-water exchange experiments.   

 

Figure 4.  Sampling gear.  Soutar box corer used for deep sampling of surficial deposits in the Conowingo 
reservoir.  The unit consists of a top part with the tripping mechanism (A), upon lowering a float is used 
to keep the device vertical in the water (B), upon retrieval cores are inserted into the lower unit (C) and 
30 cm x 6.3 cm inner diameter cores (D) are collected after insertion into the core box.   A core taken 
with a pole corer in shallow water is shown in panel E.  Photos taken by Timothy Sullivan (May 2015). 
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Table 3.  Locations and sampling dates for sediment-water exchange cores at Chesapeake Bay 
locations.   

Site ID Lat N Long W August 11, 
2015 

April 28, 
2016 

Lee 7 39.41392  76.0794    X X 

Still Pond 

“Lee 5” 

39.3479  76.1812        X X 

Lee 2.5 39.1966 76.3109      X X 

Lee S 2 38.7568   76.4727  X  

 

 

Figure 5.  HAPS corer being readied for deployment on the R/V Rachel Carson.  Inset on upper left 
shows flux core inserted into the HAPS core liner. 

 

Sediment-Water Exchange Experiments 
 

Incubation procedures followed our published methodology (Cornwell et al. 2014, Owens and Cornwell 
2016) and are briefly described here.  A video-based technique presentation is available at 
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https://www.jove.com/video/54098/the-benthic-exchange-o2-n2-dissolved-nutrients-using-small-core.  
Cores were transported to the laboratory at UMCES-HPL (University of Maryland Center for 
Environmental Science – Horn Point Laboratory) on the day of collection, maintaining aerobic conditions 
at bottom water temperatures during transit.  A temperature-controlled incubation chamber was used 
for experiments, with temperature set at field values.  Cores were put into an incubation “tub” and 
submerged with site water.  The water within the cores was exchanged incubation water and bubbled 
with air to maintain oxygen saturation prior to incubation.   At the beginning of the incubation phase, 
stirring lids were attached to the cores and a time course of overlying water chemistry was determined 
initially under dark conditions for 4-6 hours.  Additional site-water-only “blank” incubations were set up 
from each aerobic coring site to correct for biogeochemical processes occurring in the water.  Water 
analyses included gas ratio (O2:Ar, N2:Ar) analysis via MIMS - membrane inlet mass spectrometry (Kana 
et al. 1994),  and nutrients (nitrate plus nitrite - NOx

-, ammonium – NH4
+ and soluble reactive 

phosphorus - SRP) using conventional colorimetric methods (Parsons et al. 1984, Garcia-Robledo et al. 
2014).  Gas and nutrient flux rates were calculated from core area and volume and the slope of 
solute/gas versus time.  At the end of the incubations, the overlying water volumes were recorded and 
surface 0-1 cm samples were collected for solid phase analysis of total carbon, nitrogen and pigments.   

Pore Water and Solid Phase Chemistry 
 
For pore water collection, cores were placed into a glove bag filled with N2 to minimize oxidation 
artifacts (Bray et al. 1973) and sectioned.  The short cores were be sectioned into the following depth 
intervals:  0.0–0.5 cm, 0.5–1.0 cm, 1–2 cm, 2–3 cm, 3–5 cm, and 8–10 cm.  The long cores (10’) were 
extruded from their metal liner and sampled with a cut off 50 mL syringe.  The syringe was capped with 
rubber stopper and transferred to a glove bag for processing.  Sediment in 50-mL centrifuge tubes were 
spun at 2000 G  for 10 minutes, and the supernatant water was filtered with 0.45-Pm syringe filters.  
Water is collected in 7-mL vials and the pore water rapidly distributed into vials for immediate hydrogen 
sulfide analysis.  Pore water was diluted using calibrated pipets.  Pore water analytes included 
ammonium, soluble reactive phosphorus, hydrogen sulfide, and iron, all analyzed colorimetrically (Table 
4).   

 

Table 4.  Pore water analytical techniques 

Analyte Technique 
NH4

+ (Parsons et al. 1984) 
Fe Ferrozine colorimetry (Gibb 1979) 
6H2S Colorimetry (Parsons et al. 1984) 
SRP Phosphomolybdate colorimetry (Parsons et al. 

1984) 
 

 

https://www.jove.com/video/54098/the-benthic-exchange-o2-n2-dissolved-nutrients-using-small-core
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Solid phase characterization (Table 5) included total carbon, total nitrogen, total P, inorganic P, HCl-
extractable Fe and chlorophyll a.  Percent water was determined on samples by drying at 65:C. 

Table 5.  Solid phase analyses 

Analyte Technique 
CHN CHN analyzer (Cornwell et al. 1996) 
HCl-extractable 
Fe 

HCl extraction, flame AAS (Leventhal and 
Taylor 1990) 

Chlorophyll a Acetone extraction,  fluorometry (Parsons et al. 
1984) 

Total, Inorganic P HCl extraction of ashed, unashed sediment 
(Aspila et al. 1976) 

 

The Chemistry of Conowingo  Deep Cores 
 

The sediment biogeochemistry program received 5 long cores for analysis from Exelon’s contractor in 
August 2015.   The samples were stored in steel tubes that were 2’ in length, with 5 tubes per site.  A 
parallel core was also collected for geotechnical and geological workup by AECOM and Cindy Palinkas at 
UMCES.  The five sites span the length of the reservoir, from above the Peach Bottom nuclear facility to 
near the face of the Conowingo dam (Figure 6).  A report on the sampling and characterization of the 
materials is available elsewhere (AECOM Project No. 60389146).  The data in this section is briefly 
described and discussion will be largely presented in other sections of the report. 

 

Figure 6.  Location of long cores (10’) collected in 2015 from the Conowingo Reservoir. 



 

12 

 

Solid Phase Chemistry 
The water content of the long cores varied widely  (Figure 7), with somewhat higher values in the three 
lower sampling sites that had fine-grained sediment in all sediment horizons.  Site 2 varied the most in 
this sample set with a pronounced minimum at mid depths, largely corresponding to coarse horizons. 

 

 

Figure 7.  Percent water content of Conowingo deep cores. 
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The carbon concentrations in the long cores varied with depth in the long cores from sites 2 and 5 
(Figure 8).  The average concentration of data from each core was also higher at those two sites, 
averaging 82.8 22.1 and 73.4±30.3 mg g-1 for sites 2 and 5 respectively (Table 6).  The C concentrations 
in the lower 3 sites (8, 9, 13) ranged from  53-58 mg g-1, concentrations similar to fine-grained sediments 
in the upper Chesapeake Bay (Kerhin et al. 1988, Cornwell and Sampou 1995).  

  

 

Figure 8.  Carbon concentrations in the Conowingo deep cores.  To convert to percent carbon, divide 
the concentration by 10. 
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Table 6.  Long core mean, standard deviation and median values for carbon, nitrogen and the C:N 
ratio. 

Analyte Core Mean Std. Dev Median 

Carbon 

mg g-1 

2 82.8 22.1 88.2 

5 73.4 30.3 66.5 

8 53.3 17.3 47.7 

9 57.6 12.5 56.0 

13 57.8 16.6 56.2 

Nitrogen 

mg g-1 

 

2 2.77 0.69 2.80 

5 2.45 0.82 2.40 

8 3.76 0.50 3.83 

9 3.43 0.22 3.35 

13 3.10 0.58 3.10 

C:N Ratio 

molar 

2 35.5 8.1 36.3 

5 34.8 5.9 34.7 

8 16.6 4.5 14.4 

9 19.8 5.0 18.9 

13 22.5 6.9 25.7 

 

 

Nitrogen concentrations were generally 2-4 mg g-1 (Figure 9).  While in general they showed similar 
downcore changes as did the carbon, there were some key differences.  The proportional variation in 
nitrogen was smaller than for carbon.  These differences suggest that there might be differences in the 
source of carbon in the reservoir.  The presence of coal  (Edwards 2006) has been noted in previous 
studies;  this would enhance the carbon concentrations without substantial increases in nitrogen.  We 
observed coal particles in coarser-grained sediments, particularly in upper reservoir locations.   
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Figure 9.  Nitrogen concentrations in the Conowingo deep cores. 

 

The molar C:N ratios were highly variable (Figure 10), with sites 8 and 9 having somewhat lower average 
ratios.  Site 13 had C:N ratios higher in the upper 5 sections.  Interpreting the C:N ratio for terrestrial 
versus algal sources of organic matter can be difficult (Thornton and McManus 1994), but in general 
higher ratios suggest sources of organic matter that might include terrestrial plants and/or coal.  If we 
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examine all core data, there is a considerable amount of data that would span algal through coal sources 
of material (Figure 11). 

 

 

 

Figure 10.  Molar C:N ratio in the Conowingo deep cores. 
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Figure 11.  Molar C:N ratio histogram. 

 

 

Solid phase HCl-extractable iron concentrations (Figure 12) had considerable variability at each site, and 
were similar to data from the upper Chesapeake Bay (Cornwell and Sampou 1995). Iron can remobilize 
in sediments and be focused into distinct sediment layers (Anthony 1977, Cornwell and Kipphut 1992);  
however in coastal sediments it can also be related to grain size (Daskalakis and O'Connor 1995).  
Different patterns of iron concentration were observed, with higher values observed at greater depths 
at site 13 and lower values at depth at site 9.   Inorganic P (Figure 13), generally considered to be a 
combination of iron-associated P or P in apatite minerals, has similar profile to nitrogen.  Since it is likely 
that much of the inorganic P was deposited from fluvial inputs, rather than remineralization of organic 
P, the key driver in inorganic P concentration likely is the grain size of the sampled horizon. 
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Figure 12.  Extractable Fe  concentrations in Conowingo deep cores 
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Figure 13.  Inorganic P concentrations in Conowingo deep cores   
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Pore Water Chemistry 
The presence of coarse grained sediment layers, as well as relatively low water content in compacted 
fine grained sediments, made obtained pore water for chemical analysis difficult for some sediment 
horizons.  Extraction of as little as 1 mL of water typically can yield analysis for ammonium and iron, but 
in many cases even these analyses were not possible.  Concentrations of ammonium ranged from  very 
low to > 5,000 Pmol L-1 (Figure 14), with site 8 showing the largest down core increase.   

 

Figure 14.  Pore water ammonium concentrations in the Conowingo deep cores.  Poor water recovery 
in some coarse and  low percent water sections resulted in no data.    
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Pore water SRP concentrations were < 10 Pmol L-1 (Figure 15), a strong contrast to concentrations 
observed in the mid-bay area of the Chesapeake Bay (Cornwell unpublished).  In the absence of sulfate 
reduction which reduced iron oxide binding of P through formation of iron sulfide minerals (Lehtoranta 
et al. 2009, Hartzell et al. 2017), the adsorption of SRP to iron oxides and the formation of discrete iron 
phosphate minerals (Hearn et al. 1983, Cornwell 1987) likely limits SRP concentrations.   

 

Figure 15. Pore water SRP concentrations in the Conowingo deep cores.  Poor water recovery in some 
coarse and  low percent water sections resulted in no data.    
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The concentrations of iron in pore water was volume limited in many cases, but the key finding of the 
deep core work is that relatively high concentrations of iron are found throughout the sediment profiles 
(Figure 16).  Dissolved iron at the observed concentrations are likely in the form of Fe(II) and subject to 
rapid oxidation when exposed to oxygen (Stumm and Morgan 1981). 

 

Figure 16.  Pore water iron concentrations in the Conowingo deep cores.  Poor water recovery in some 
coarse and  low percent water sections resulted in no data.    



 

23 

 

Adsorbed Ammonium 
The limitations of obtaining pore water in many sections resulted in incomplete ammonium profiles.  
The extractable ammonium concentrations were not limited however, and the displacement of 
ammonium with potassium provides an assessment of the total ammonium within the sediment 
(Weston et al. 2010, Cornwell and Owens 2011).  Down core increases in adsorbed ammonium were 
observed in all cores (Figure 17). 

 

Figure 17.  Adsorbed ammonium on a sediment volume basis (L or cubic decimeter) 
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Using all extractable ammonium data (Figure 18), the average concentration of extractable ammonium 
was 38.7 ± 22.5 mmol L-1

 where volume (L) was of whole wet sediment.  In Chesapeake Bay shipping 
channels (Cornwell and Owens 2011), observations were generally in the range of 5-18 mmol L-1 NH4

+.  
The amount of adsorbed ammonium generally is much higher in freshwater sediments (Seitzinger et al. 
1991) such as the Conowingo because the adsorption coefficients are much higher at lower salinities 
(i.e. lower K+ concentrations).  In addition, in the Conowingo reservoir, the sediments are much more 
compacted and there are more solids and more surface area per unit sediment volume.  In both 
Chesapeake shipping channels and in the Conowingo reservoir, the “burial” of dissolved and adsorbed 
ammonium is enhanced by high sedimentation rates (Cornwell and Owens 2011). 

In order to “bury” so much ammonium at depth, sedimentation rates need to be high so that burial of 
ammonium-producing organic matter is fast.  LIterature burial rates showed high (2-7 cm y-1) accretion 
rates (McLean et al. 1991).  If the organic matter is of medium reactivity, such as might be expected 
from organic matter from terrestrial sources, it may produce ammonium slowly over many years in the 
sediments.  The combination of accretion and slow ammonium production from the relatively high 
organic matter pools in sediments likely leads to high adsorbed ammonium.   

 

Figure 18.  Box plot of adsorbed ammonium from all long core horizons.  The solid line is the median 
ammonium concentration (40.7 mmol L-1), the dotted line is the average concentration (38.7 ± 22.5 
mmol L-1) .  
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Spatial and Seasonal Patterns of Nitrogen and Oxygen Sediment From 
Sediments Behind the Conowingo Dam, Maryland, USA.  (Dr. Hamlet 
Perez) 
 

Introduction 
Currently, there are about 800,000 artificial lakes and large dams (height > 15 m) in operation 
worldwide, which occupy approximately 3% of the land surface (Friedl and Wuest 2002). The primary 
effect of dam construction is the segmentation of rivers and the formation of reservoirs behind their 
walls, which represents a transition between lentic and lotic ecosystems sometimes called “river-lake 
hybrids”  (Kimmel et al. 1990). Consequently, reservoirs can have a profound effect on water quality by 
changing the water residence time, reducing turbulence, increasing sedimentation, changing 
temperature resulting in vertical stratification, and in some cases, anoxia (Nilsson and Berggren 2000, 
Friedl and Wuest 2002, Burford et al. 2012).  Reservoir sediments affect biogeochemical material 
balances due to their high area-specific nutrient recycling and high rates of carbon burial (Downing et al. 
2008, Harrison et al. 2009). When located upstream of coastal ecosystems, reservoirs may attenuate the 
nutrient loads moving downstream that may contribute to coastal eutrophication (Rabalais et al. 2002, 
Cook et al. 2010).  

Relatively few studies have examined sediment nitrogen cycling in reservoir sediments. Denitrification, 
the microbial reduction of nitrate to N2O or N2, is of particular importance because it permanently 
removes available N from the ecosystem (Burgin and Hamilton 2007). The role of denitrification appears 
to be variable among reservoirs. For instance, Koszelnik et al. (2007) and Grantz et al. (2012) reported 
16-25% of N removed by denitrification in Polish and Arkansas, (USA) reservoirs.  Denitrification has 
reported to account for 50% of N removal in an Illinois reservoir David et al. (2006).  

The Conowingo Reservoir has dimished storage capacity and sediment trapping efficiency (Cerco 2016).  
This reservoir is similar to many worldwide reservoirs where sediment and nutrient export may be 
detrimental to downstream ecosystems (Hirsch 2012, Zhang et al. 2013). In the Conowingo Reservoir, 
sediments and associated particulate nutrients may pass downstream due to both the reduced storage 
capacity and seasonal high flow events such as tropical storms.  Scour under high flow may export 
sediments and particulate N and P to the Chesapeake Bay in a relatively short period of time (Palinkas et 
al. 2014), with sediment loads from the watershed and potential scour from all three dams. The purpose 
of this study is to quantify the exchange of nitrogen and other biogeochemical parameters between the 
sediment and water column of the Conowingo Reservoir, and determine whether reservoir 
denitrification exerts an important control of nitrogen inputs to the Chesapeake Bay. 
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Material and Methods 

Study area 
The Susquehanna River drains an area of 71,000 km2and includes south-central New York state, 
southern Pennsylvania and northeastern Maryland. It is the 16th largest river of USA and the largest 
source of freshwater, sediment suspended sediment and nutrient to Chesapeake Bay (LSRWA, US EPA 
2010). About 63 percent of the Susquehanna drainage area is covered by forest in the northern and 
western areas, while agricultural  and urban areas (southern) cover 26 and 9.3 percent of its drainage 
area, respectively (USGS 1997). The Conowingo hydroelectrical dam was constructed in 1929 and the 
Conowingo Reservoir straddles the Maryland-Pennsylvania border.  Upstream, the Holtwood and Safe 
Harbor dams form two reservoirs, Lake Aldred and Lake Clarke. Decreasing sediment storage capacity at 
the Conowingo Dam has been observed,  from initial water storage capacity of 3.7 x 108 m3 to about 2.1 
x 108 m3 (Whaley 1960; Reed and Hoffiman 1997). The Conowingo reservoir may be close to reaching its 
maximum storage capacity (Langland 2009) and an increasing trend in particulate nitrogen, total 
phosphorus loads and suspended sediment export has been noted at the Conowingo outfall (Hirsch 
2012).  

Experimental design 
Five cruises were conducted in the Conowingo Reservoir in the months of May, July, September, 
December 2015 and April 2016. A total of 13 sampling sites were established at the Conowingo 
Reservoir along a longitudinal gradient varying in depth, and sediment type upstream from the 
Conowingo Reservoir. A total of 76 intact sediment cores were collected during the five sampling 
months. The intact sediment cores were collected using a pole corer in shallow sites and a Soutar type 
box corer in the deeper sites (Cornwell et al. 2014). Acrylic cores were stored submerged in site water in 
coolers and transported to the Incubation laboratory.  Additional intact sediment cores were collected 
to perform grain size analysis by other UMCES investigators. Field temperature, conductivity, dissolved 
oxygen, and pH were measured using a YSI 600 XLM Multi-Parameter Water Quality Sonde. 

Sediment water exchange incubation techniques 
Sediment incubation procedures followed Owens and Cornwell (2016).  At the laboratory, the sediment 
cores were submerged in site water and bubbled overnight in an environmental chamber at ambient 
temperature.  The next day, sediment cores were sealed with an o-ring-fitted stirring top operated at 
stirring speed that mixed the overlying water without resuspending the surface of the core.  Water 
samples for gas analysis and nutrient analyses were collected as replacement water was added to the 
core via gravity. Four sample points were collected over 4-6 hours.  Dissolved gas samples were 
preserved with 10 µL of 50% saturated HgCl2, capped, and kept submerged in water just prior to 
analysis. Water samples for dissolved nutrients were filtered through 0.4-µm polycarbonate filters and 
frozen until analyses.   
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Solute and gas analysis 
Conentrations of NH4

+, and NOx, (i.e. NO3
- + NO2) were determined via colorimetric analysis  (Parsons et 

al. 1984; Garcia-Robledo 2014)   A membrane inlet mass spectrometer was used for high precision 
analysis of N2, O2 and Ar in water (Kana et al. 1994).  

 

Calculations 
The changes in concentrations of dissolved gases (O2, and N2) in water samples were estimated using the 
O2:Ar and N2:Ar ratios (Kana et al. 1994;  Kana et al. 1998).  Exchange rates of O2, N2, NH4

+, and NO3
- 

were calculated as follows, 

  
  
  
 
 
 

 

Where,  

F is the flux (μmol m−2 h−1),   
  

 is the slope of the analyte (μmol L−1 h−1) over time (t), V is the volume of 

the overlying water (L), and A is the area of the incubated cores (0.00317 m−2). The fluxes data included 
in this study were those reaching a regression coefficient greater than 0.81 using 4 time points.  All the 
R2 regression coefficients calculated for oxygen fluxes were > 0.97, while 93 % of those for N2-N were ≥ 
0.86. The ammonium and nitrate regressions, had R2 regression coefficients greater than 0.84 and 0.80 
for 85 and 93% of all cores, respectively.   

The budget of dissolved inorganic nitrogen presented in this study was calculated using the average 
water discharge, ammonium, and nitrate concentrations data reported for the years 2014 and 2015 
(USGS 2016) and 2014-2016 at the Susquehanna River, Marietta Site (USGS parameter Code number 
01576000), respectively, located in the Lancaster County, Pennsylvania. The fluxes of ammonium, 
nitrate and N2-N at the sediment water interface presented in this study were used to calculate nutrient 
loads to theConowingo reservoir  

Statistics and Presentation 
Before determining the significant differences among the variables, all data sets were checked for the 
normality test. If the data met the assumption of normality, a parametric test was applied (One way 
ANOVA, T-Test), otherwise proceeded with a nonparametric test (Kruskal Wallis on Rank and Mann-
Whitney Rank Sum Test).  All statistic analyses and graphing were performed using a 11.0 Sigma Plot 
Software. 

Box plots are used for presentation of data throughout this report.  The median is presented as a solid 
line in the middle of the box; in some cases the mean is shown as a dotted line.  The bottom and the top 
of the box represent the first and third quartiles of the data.  The error bars represent the 10th and 90th 
percentile of the data.  Dots represent outliers. 
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Results 
Average bottom water temperatures ranged from 8.8 in December 2015 to 26.3 in July 2015.  (Table 1).   
Average bottom water dissolved oxygen concentratrations ranged from 5.7 to 12.6 mg L-1, with the 
lowest values in May-September 2015.  In no instances were dissolved oxygen concentrations hypoxic 
during this study.  The bottom water NH4

+ concentrations averaged 1.2 – 11.3 Pmol L-1, while the 
concentrations of NOx

- were 37 – 75 Pmol L-1. 

 

Table 7.  Site characteristics and sediment-water exchange rates in the Conowingo Reservoir. Values are 
means ± the standard deviation. 

Sampling 
month 

T      C 

 

N 

 

NH4
+ NO3

- O2 NH4
+ NO3

- N2-N 

 °C mg g-1 μmol L-1 μmol m-2 h-1 

May 2015 

23.8      
r�

��� 

61      
±       
16 

3.8        
±        

0.5 

11.3        
±         

2.6 

37           
±           

1.0 

-1760    
±        

742 

274            
±        

157 

-112            
±            
51 

115        
±                
79 

July 2015 
26.3      

±        
0.4 

48 

±         
6 

2.9        
±         

0.7 

1.2         
±           

0.3 

54              
±         

3.9 

-1064     
±         

147 

64            
±          
38 

-42         
±          
30 

99            
±              
51 

Sept 2015 
25.3         

±         
1.0 

48         
±         
9 

2.9           
±         

0.5 

2.8          
±             

0.5 

60          
±             

1.5 

-1041      
±          

169 

-2           
±                
44 

-74          
± 26 

202         
±          
66 

Dec 2015 
8.8       
±           

0.9 

54 

 ±        
9 

3.1               
±           

0.7 

4.2            
±          

0.2 

60        
±          

0.1 

-380        
±          
84 

-5           
±             
49 

-10           
±            
20 

118         
±                
50 

April 2015 
9.7       
±         

0.7 

51       
±       
22 

3.2             
±           

1.3 

3.1         
±       

0.3 

75        
±         

0.4 

-546       
±        

213 

45           
±           
42 

-17         
±               
47 

96            
±            
48 

 

Solid phase chemistry 
The mean concentrations of carbon and nitrogen in the top 1 cm of sediment averaged 51 ± 11 and 3.2 ± 
0.7 mg g-1 respectively, over  all dates.  The high degree of temporal variability was illustrated by the 
large seasonal changes in C and N at station 2 (Figure 19 A, B).  When the median and average 
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concentrations of the 6 sites sampled in all five months were examined for each sample point, there 
were no statistical differences (Figure 19 C, D).  All sediment solid phase phosphorus data is discussed in 
a separate section.   

 

 

 

Figure 19.  Concentrations of 0-1 cm carbon and nitrogen over time at 6 stations in the Conowingo 
reservoir (A, B) with box plots of seasonal C and N data (C,D).  The “all data” box plots include the six 
sites in A and B as well as 2-7 more sites that were not sampled every time. 

 

Sediment chlorophll a, expressed on an areal basis, was generally high at these sites, with the mean 
from all samples of 26.9 ± 17.1 mg m-2 (Table 8; Figure 20).  The highest mean and median 
concentrations were observed in May 2015, with concentrations ~2 times the values for all other 
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months.  Of the 6 stations measured over time, station 2 had both the highest and lowest 
concentrations.  The single highest observation was 79.2 mg m-2 in May 2015 for station 7. 

 

Table 8.  Statistics for chlorophyll a concentrations in Conowingo reservoir.  “All Dates” is a 
summation of all data from all dates, while the date-specific data consists of the 6 stations that were 
sampled all 5 times, allowing a fair comparison of the data.  Only the May 2015 and December 2015 
data are significantly different (Kruskal-Wallis P, 0.05), and there were no significant differences 
between stations. 

 Mean Std Dev Max Min  Median  

All 
Dates 

26.9 17.1 79.2 3.1 20.3 

May-15 39.9 21.3 73.4 18.6 37.6 

Jul-15 17.6 5.3 25.5 9.8 17.4 

Sep-15 16.8 3.7 22.8 12.4 16.6 

Dec-15 15.2 4.0 19.6 8.5 15.1 

Apr-16 24.3 13.9 39.9 3.1 24.9 

 

 

Figure 20.  Sediment chlorophyll a data.  Concentrations are expressed on an areal basis. 
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Sediment oxygen fluxes  
Sediment oxygen fluxes averaged -1007 ± 603 Pmol m-2 h-1 for all data, with the highest uptake rates in 
May (-1760  ± 741 Pmol m-2 h-1). Similar rates were observed in July (-1064 ± 147 Pmol m-2 h-1) and 
September (-1041 ± 168 Pmol m-2 h-1).  December oxygen fluxes  (-379 ± 83 Pmol m-2 h-1) represented 
the lowest SOD average calculated in this study (Figure 21). Two pairwise comparisons, July versus May 
and September did not yield significant differences in O2 fluxes (Kruskal Wallis, P > 0.05).  No 
correlations between oxygen flux and chlorophyll a concentration were observed, thought the highest 
mean chlorophyll a and sediment oxygen fluxes both were observed in May. 

May  Jun  Jul  Aug  Sep  Oct  Nov  Dec  Jan  Feb  Mar  Apr  May  
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Figure 21.  Box plots of oxygen flux data from all sites over time.   

 

Sediment Nitrogen cycling 
The median ammonium flux was mostly directed out of the sediment in May (274 ± 157 Pmol m-2 h-1), 
July (64 ± 38 Pmol m-2 h-1), and April (45 ± 42 Pmol m-2 h-1), with uptake in September (-2.2 ±  44 Pmol m-

2 h-1) and December (-5.4 ± 49 Pmol m-2 h-1; Figure 22).  The ammonium flux in May was significantly 
higher (Kruskal Wallis, P < 0.001) than those calculated for July, September, December, and April. 
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Figure 22.  Seasonal box plots of nitrogen fluxes in Conowingo reservoir sediments in 2015 and 2016.  
Data from all stations are included in each box.  
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The nitrate flux was usually directed into the sediment in this study. The highest fluxes were in for May 
(-112 ± 51 Pmol m-2 h-1), September (-74 ± 26 Pmol m-2 h-1) and July (-42 ± 30 Pmol m-2 h-1).  The lowest 
nitrate flux were in April (-17 ± 47), and December (-10 ± SD 20) (Figure 22).  The May nitrate flux 
calculated was significantly higher than those calculated for December, April, and July (Kruskal Wallis, P 
> 0.001).  The December nitrate flux was significantly lower (Kruskal Wallis, P < 0.001) than those of July, 
and September, but not for April (Kruskal Wallis, P > 0.001).  The nitrate flux calculated for July was not 
significantly higher than that of September or April. 

Overall, the net N2 production was relatively high (128 ± 79 Pmol m-2 h-1). The highest Net N2 production 
was in September (201 ± 66 Pmol m-2 h-1), followed by December (118 ± 72 Pmol m-2 h-1), July (99 ± 51 
Pmol m-2 h-1), and April (96 ± 48 Pmol m-2 h-1). The net N2 production in September was significantly 
higher than those calculated for May, July, December, and April (Kruskal Wallis, P < 0.001).  Other 
pairwise comparisions in net N2 production among sampling months were not significant (Kruskal Wallis, 
P > 0.001). Overall an examination of all nitrogen flux data shows that N2-N is the major constituent of 
nitrogen fluxes, with an average efflux ~42% higher than ammonium effluxes (Figure 23).   

 

Figure 23.  Box plots of all sediment water oxygen and nitrogen flux data from all sites and seasons.  
The inset table shows the mean, standard deviation and median of the data.  The horizontal bars 
within the boxes are median values.   
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The oxygen flux in May decreased towards the dam (Figure 24A).  Apart from May, where a dramatic 
increase and decrease occurred along the downward gradient, ammonium flux showed a slight increase 
and relatively small peaks in the region near the Conowingo Dam (Figure 24B).  A slight decreasing trend 
was observed in July and September in the nitrate flux, while December and May small fluctuations 
along the southward direction, respectively (Figure 24C).  In general, net N2 flux showed a decreasing 
trend towards the dam (Figure 24D).  This pattern was clearly shown in September and December.  In 
May, N2-N showed the highest effluxes upstream followed by a sharp decrease with smaller peaks near 
the Conowingo Dam.  
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Figure 24.  Latitudinal Transects.  (A) Scatter plot showing all net oxygen flux data calculated for 
individual sediment cores along a latitudinal transect during the sampling period of May-2015-April-
2010 at the Conowingo Reservoir. (B) Scatter plot showing all net ammonium flux data calculated for 
individual sediment cores along a latitudinal transect during the sampling period of May-2015-April-
2010 at the Conowingo Reservoir. (C)Scatter plot showing all net nitrate flux data calculated for 
individual sediment cores along a latitudinal transect during the sampling period of May-2015-April-
2010 at the Conowingo Reservoir. (D)Scatter plot showing all net N2-N flux data calculated for 
individual cores along a latitudinal transect during the sampling period of May-2015-April-2016 at the 
Conowingo Reservoir.  
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Discussion 

Stoichiometric relationship of net sediment fluxes 
The Redfield ratio is a useful stoichiometric relationship based on the characteristic proportions of C, N 
and P in phytoplankton biomass, and  remineralization results in a fixed proportion of N, P, and C.   
These ratios provide a better understanding of Conowingo Reservoir sediment processes and allow 
inferences on environmental processes that cause deviation from the predictable ratios.   

Figure 25 shows a general tendency of points to be around the 100% stoichiometric line, suggesting that 
most of the remineralized nitrogen was denitrified (Figure 25A).  A detailed analysis of points split by 
sampling months showed that during December and April, most of the nitrogen was denitrified. 
September appeared to be a transition month, where the sequestration or ammonium release was 
proportional to the denitrification.  In May and July points were below the 100 % stoichiometric line, 
meaning that in these two latter months, remineralized nitrogen was sequestered in sediment or 
released as ammonium to the water column.  In average, the ratios O: N2-N (7.9) and O: ƩN (6.7) were 
very similar to that predicted by the Redfield ratio.  

This plot shows a strong and significant (Mann-Whitney Test, P < 0,05) correlation between the NH4
+ flux 

and DIN (NOx
- + NH4

+ flux) with most of the points around the 1:1 stoichiometric line, indicating that the 
net sediment NOx

- efflux was negligible and denitrification was an important process in sediment 
nitrogen cycling (Figure 25B). 

The net flux of sum of all inorganic nitrogen species, i.e. the sum of net flux of N2-N, NH4
+, and NOx

- (also 
referred to as 6N), may be stoichiometrically related to the amount of oxygen consumed during the 
phytoplankton biomass remineralization (Fig. 25C).  In this plot, it is shown a strong relationship with 
most of the points falling around the 100 % stoichiometric line, meaning that microbial metabolism was 
efficient in remineralizing nitrogen from the sediment to the water column. A more detailed 
examination of the points showed that May (87 %), July (75 %), and April (70 %) showed the highest 
percentage of points falling around or above the 100 % stoichiometric line, while nitrogen 
remineralization in sediment in September (20 %) and December (50 %) was less effective. By 
substracting the net flux of nitrate to the net N2-N flux, we can evaluate how these two processes are 
coupled in sediment at the Conowingo Reservoir.  As it is shown, most of the nitrate for denitrification 
was supplied by the sediment nitrification (Figure 25D).  
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Figure 25.  Sediment Flux Property Plots.   (A) Relationship between net sediment N2-N flux and net 
sediment oxygen flux for the individual cores.  The 100 % line represents a Redfield ratio of O2:N 
(6.6:1). (B) Relationship between the sum of all net sediment N flux (N2-N+NH4

++NO3
- = 6N) and net 

sediment oxygen flux for the individual cores. The blue line represents Redfield ratio of C:N (106:16), 
assuming to be identical to the O2:N ratio. (C) Relationship between the net sediment dissolved 
inorganic nitrogen (DIN = NH4++NO3-) flux versus net sediment ammonium flux.  Most of the 
individual cores are around the 1:1 blue line, meaning both that sediment NO3

- fluxes were about zero 
or negative with a net loss to denitrification (N2-N). This figure also shows a strong positive Spearman 
correlation fit (red line) between net sediment ammonium flux and net dissolved DIN flux. (D) 
Relationship between denitrification (net sediment N2-N flux) and nitrification (net sediment N2-N flux 
minus net sediment NO3

- flux). 

  



 

37 

 

Effects of Reservoir Processes on Nutrient Balances 
Given the importance of climate on water discharge,sediment types and transport, and water quality 
downstream to the Conowingo reservoir (Langland 2014, Hirsch 2012,  Langland and Hainly 1997), we 
first put in a historical context the water discharges reported for Marietta Monitoring Site (USGS 
Identification Number 01576000), Pensylvania, USA, (Marietta MS) for the Lower Susquehanna River 
subbasin, which is the nearest upstream monitoring site to the our study sites at the Conowingo 
Reservoir. Overall, the average water discharge (890 ± 676 m3 s-1) during our study period was similar to 
that calculated for the 1960-1970 decade (855 ± 667 m3 s-1), which was one of the periods with lowest 
water discharge ever reported for Marietta MS (Figure 26) . Such low flows likely result in very low rates 
of scour. The average water discharge reported for Marietta MS for 2015, according to Scott (2012), 
would predict a residence time of water in the Conowingo Reservoir of about 4 days during our study. 
Under this residence time, Scott (2012) also estimated that only 5 percent of the “total annual sediment 
load” is transported from the upper Susquehanna River reaches to the downstream reservoirs, including 
Conowingo Reservoir.  The hydrologic conditions that there was a relatively low sediment flux from the 
upstream reaches during the sampling period of this study and the water residence time in Conowingo 
Reservoir was enough to retain and remineralize the labile organic matter in situ.  In this study, the 
water temperature at Conowingo Reservoir reflected normal seasonal variations, and non-significant 
differences between surface and bottom water temperatures, DO, and conductivity suggested a well 
mixed water column.  Contrasting with our results, Mathur et al. (1988) reported DO stratification 
during the summer and attributed it to meteorological factors. More recently, Steffy (2013) did not find 
any stratification at the Conowingo Reservoir. Even at  the deepest part of the Conwingo Reservoir (20 
m), the latter author reported a relative very small changes between surface and bottom waters in both 
temperature (0.37°C) and DO (0.26 mg/L).  Further discussion on the benthic flux data is included in the 
“Conowingo Biogeochemistry In Perspective” section of this report.

 

 Figure 26.  Conowingo water discharge (USGS monitoring data). 
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Lake Clarke and Lake Aldred Sediment Biogeochemical Measurements 
 

Introduction 
Together Lake Clarke and Lake Aldred have a similar area as the Conowingo Reservoir.  The same 
concerns for the deposition and erosion of materials derived from the watershed  that have driven this 
program are also present in these two reservoirs.  Three stations were sampled in each reservoir on 
April 27, 2016 using the same procedures for coring, incubation and chemical analysis as in the 
Conowingo Reservoir.  The sampling time was chosen for a period immediately after the April 13, 2016 
Conowingo Reservoir sampling, but because April is a period of maximum temperature change, the 
upper reservoir temperatures were 18:C versus 9.6:C in the Conowingo Reservoir.   Thus, 
biogeochemical rate processes are not easily compared between these three systems because of 
potentially large changes in microbial processing rates.   

Solid Phase and Pore Water Chemistry 
The carbon and nitrogen concentrations in the cores form Lake Clarke and Aldred were similar to 
obsrvations in the Conowingo Reservoir (Figure 27), with C concentrations ranging from 31-69 mg g-1 

and N concentrations ranging from 1.4-4.2 mg g-1.  The molar ratio had values that ranged from 11.6-
29.0, suggesting either different organic matter sources or some low N coal in the samples.   

 

Figure 27.  Solid phase C and N concentrations and the molar C:N ratio of surficial (0-1 cm) deposits.  
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Pore water concentrations were determined on all cores, but as with the long cores and some short 
cores from the Conowingo Reservoir,  not all sections had recoverable water for analysis.  High 
variability in ammonium concentrations were observed, with the expected downward increase in most 
cores (Figure 28).   Core 2 in Lake Clarke had exceptionally high ammonium concentrations (> 3,000 
Pmol L-1), while few observations in Lake Aldred had concentrations in excess of 100 Pmol L-1.  The 
presence of dissolved iron in all cores was consistent with Conowingo observations. 

 

Figure 28.  Pore water chemistry of Lake Clarke and Lake Aldred sediments.   
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Sediment-Water Exchange Rates 
The sediment-water exchange rates in Lake Clarke and Lake Aldred (Figure 29) were generally similar to 
Conowingo Reservoir rates.   Oxygen flux rates in the two reservoirs averaged -983±316 Pmol m-2 h-1, 
with the highest uptake rates at site 3 in Lake Clarke and site 4 in Lake Aldred.  Rates of N2-N production  
averaged 115±68 Pmol m-2 h-1in the two reservoirs, with the highest rates in Lake Aldred.  Ammonium 
fluxes were higher in Lake Clarke, with sites 1 and 2 exceeding 100 Pmol m-2 h-1.  Rates at the other sites 
were much lower and in Lake Aldred there were two observations of ammonium uptake.  The NOx

- flux 
rates were lower in Lake Clarke, with one core having a substation production rate.  In Lake Aldred, most 
cores had a large NOx

- uptake rate. 

 

 

Figure 29. Sediment-water exchange rates of Lake Clarke and Lake Aldred sediments.   
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Sediment-Water Exchange Rates – Chesapeake Bay Fluxes 
 

Although sediment-water exchange rate data are abundant in the upper Chesapeake Bay (Cornwell and 
Boynton 1999, Boynton and Bailey 2008), there are mostly restricted to measurements of the fluxes of 
oxygen, ammonium, NOx

- and SRP.  Data was collected for sediment-water exchange on two occasions 
(August 2015, April 2016) in conjunction with 1) experiments on Conowingo sediment additions and 2) 
the measurement of radionuclide inventories (Palinkas et al. 2014) by Dr. Cindy Palinkas for baseline 
measurements prior to high flow events (which never occurred).  The SRP flux data from the August 
2015 fluxes are used as the initial flux data prior to sediment manipulations.  The April 2016 data are 
used in a comparison of fluxes from the upper reservoirs into the upper bay (“Nitrogen Cycling – 
Reservoirs to the Bay” report section).  The data are briefly presented and discussed here, with a 
particular emphasis on denitrification and SRP fluxes.  Station locations are tabulated in Table 3. 

Upper bay sediment oxygen demand and N2-N effluxes in August 2015 (Figure 30) were similar to 
average summer rates in the Conowingo Reservoir.  Rates of ammonium efflux were variable but 4 of 6 
rates were similar to average July rates in the Conowingo Reservoir.  September rates in the Conowingo 
were negligible, and were thus much lower than these bay sites.  The uptake of NOx

- was similar in the 
upper bay and in the Conowingo Reservoir.  Only the Lee 5A/Still Pond site had SRP effluxes, much 
higher than reservoir observations.   

In April 2016, the most northern site had similar rates as the Conowingo Reservoir (Figure 31), with 
higher rates observed toward the south.  Denitrification rates (N2-N) were generally similar in the 
reservoir and bay, though in this case the more southerly sites were closer to average reservoir rates (96 
Pmol m-2 h-1).   Ammonium efflux rates were about half of reservoir rate observations in April, with one 
lower bay site having high rates in one core.  In the bay, nitrate fluxes were low or not significant, with 
one site at the top of the bay having a core with high effluxes.  SRP fluxes were negligible in the reservoir 
and in the bay.  The overall picture of upper bay sediments is one of generally similar behavior to 
observations in the Conowino Reservoir.  
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Figure 30.  Sediment-water exchange rates from Chesapeake Bay sites, August 15, 2015.  Samples 
were incubated at 26.4⁰C.  Lee 3 is co-located with the long-term station Still Pond.  For reference, the 
station locations (left to right) represent a south to north transect. 
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Figure 31.  Sediment-water exchange rates from Chesapeake Bay sites, April 28, 2016.  Samples were 
incubated at 14.5⁰C.  .  For reference, the station locations (left to right) represent a south to north 
transect. 
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Reservoir scour as a major source of bioavailable phosphorus to a 
coastal plain estuary?  (Zoe Vulgaropulos) 

Introduction 
Eutrophication due to anthropogenic nutrient enrichment often is a major problem in estuarine and 
coastal systems. Large increases in phytoplankton production and biomass, as well as other effects such 
as anoxia and loss of benthic photosynthesis, occur with high inputs of nitrogen (N) and phosphorus (P). 
While nitrogen can be removed as N2 gas through denitrification, phosphorus gaseous losses are 
negligible so burial and transport out of the system are the main outputs. Another key difference 
between N and P cycles is that most of the N load in rivers is dissolved, while about 95% of the P load is 
particulate (Follmi, 1996); not all of this particulate P will necessarily be released as dissolved, 
bioavailable phosphate. Primary production is usually limited by P in freshwater and N in coastal 
seawater (Howarth and Paerl 2008), where fresh and saline water mix, are often characterized by spatial 
and seasonal variation in N and P limitation(Fisher et al. 1992). Phosphorus is typically limiting in the 
spring due to inflowing fresh water high in dissolved N, while N limitation dominates in summer when 
DIN is depleted and phosphate is released from anoxic sediments (Fisher et al. 1999, Conley 2000, Kemp 
et al. 2005). Due to the dynamic nature of estuarine systems, both N and P must be considered in 
nutrient management strategies.   

Particulate inorganic P, which makes up nearly 60% of fluvial particulate P loads (Follmi 1996), can be 
converted to bioavailable dissolved inorganic P through processes enhanced by increased salinity 
(Caraco et al. 1990, Jordan et al. 2008). Phosphorus bound to iron oxyhydroxides (FeOOH), a significant 
fraction of the P load, can be released to solution when FeOOH is reduced in anoxic sediment layers 
(Figure 32). Under aerobic freshwater conditions, reduced dissolved Fe(II) can diffuse upward to aerobic 
sediments and become re-oxidized to FeOOH, which has a high surface area and affinity for inorganic P. 
Phosphorus can also be immobilized under anaerobic freshwater conditions due to sorption to Fe(II) 
hydroxides and/or precipitation of ferrous-phosphate minerals such as vivianite (Cornwell 1987, Roden 
and Edmonds 1997). In contrast, in more sulfate-rich saltwater sediment, sulfides formed by sulfate 
reduction in anoxic sediment layers chemically reduce Fe(III) to iron sulfides; this immobilizes iron in the 
sediment, enhancing the efflux of iron-bound phosphorus to the water column (Krom and Berner 1981, 
Lehtoranta et al. 2009). Significant phosphate mobilization through this pathway requires high inputs of 
labile organic carbon, which decreases the redox potential and allows the dominance of sulfate 
reduction (Cornwell and Sampou 1995, Lehtoranta et al. 2009). Even when the water column is re-
oxidized, the burial of iron as iron sulfides minimizes resorption of phosphate to iron oxides (Krom and 
Berner 1980).  

Various extraction techniques have been used to differentiate pools of particulate P and assess the 
bioavailable fraction. Citrate-dithionite-bicarbonate (CDB) solutions are often used in sequential 
extractions to extract P bound to FeOOH (Ruttenberg 1992). However, since this strong reducing agent 
dissolves crystalline iron oxides, it may overestimate the amount of Fe-bound P that is bioavailable 
(Kostka and Luther 1994, Jordan et al. 2008). Alternatively, more moderate reducing agents such as 
ascorbate can also be used to extract potentially mobile Fe-bound P (Scicluna et al. 2015). However, 
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ascorbate only reduces amorphous FeOOH and may not include the potentially mobile P associated with 
crystalline Fe oxides (Anschutz et al. 1998). Because sequential extraction methods often have overlaps 
between the pools of P extracted in each step, the extraction categories are often operationally defined. 

 

 

Figure 32.  Sedimentary iron (Fe), phosphorus (P), and sulfur (S) cycling in the Upper vs. Mid 
Chesapeake Bay.   In the Upper Bay and similar oligohaline systems, iron reduction is the dominant 
anaerobic metabolic pathway, and P efflux is limited due to sorption to Fe oxides and precipitation of 
Fe(II) minerals. In contrast, in higher salinity regions such as the Mid Bay where sulfate reduction 
dominates, Fe is reduced by sulfides to Fe sulfides, burying Fe and allowing greater P efflux. 

While nutrient loading contributes to eutrophication and harmful algal blooms in Chesapeake Bay, the 
role of suspended fluvial sediments has largely been relegated to concerns about light attenuation. The 
Susquehanna River is responsible for nearly half the freshwater input to the Bay as well as a large 
portion of the sediment and nutrient loads, although a significant portion of these loads are trapped in 
reservoirs behind three hydroelectric dams near the mouth of the river. The two upstream reservoirs 
were filled with sediment by the mid-1900s, a few decades after their construction. Conowingo 
Reservoir, the farthest downstream, has reached about 92% of its storage capacity  (Langland, 2015). 
Recent reports suggest that outputs of sediment, phosphorus, and nitrogen from the reservoir have 
increased due to reservoir infilling and event-driven scour (Hirsch 2012, Langland 2015, Zhang et al. 
2015). This increased flux of sediment and nutrients complicates the attainment of water quality goals 
established by the Total Maximum Daily Loads (TMDLs; Linker et al. 2016), which target watershed 
nitrogen, phosphorus, and sediment reductions from the Chesapeake Bay watershed. Although 
Conowingo Dam construction in 1928 resulted in a trapping efficiency of  70-75% of sediment inputs to 
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the reservoir, current trapping efficiency has been reduced to 45-50% (Langland  2015). Flow-
normalized loads of suspended sediment and particulate nutrients have increased at Conowingo Dam 
since the 1990s, while inputs to the reservoir system have decreased (Zhang et al., 2013). This decrease 
in net deposition of sediment and nutrients has a greater effect on Chesapeake Bay P loading than N 
loading, since most P is particulate (Zhang et al., 2013, 2016). A large fraction of sediment transport 
across the dam occurs during high-flow events due to scouring of reservoir deposits. Although scoured 
sediment itself is not a significant threat in terms of long term water clarity, nutrients associated with 
sediment are detrimental to water quality (Cerco and Noel 2016).  

The reactivity of particulate P transported from Conowingo Reservoir to the Chesapeake Bay during a 
scour event is strongly dependent on where sediments are deposited along the Bay salinity gradient. In 
subestuaries of the Chesapeake Bay, mobilization of Fe-bound P is enhanced with increasing salinity due 
to the conversion of Fe oxides to Fe sulfides (Hartzell et al. 2010). In the Bay mainstem, soluble reactive 
P (SRP) efflux from sediment is most pronounced in the mesohaline mid Bay relative to the upper and 
lower Bay (Cowan and Boynton 1996). Iron sulfide formation and burial is highest in the mid Bay due to 
the greater availability of sulfate and organic matter and the fine-grained nature of the deposits 
(Cornwell and Sampou 1995).  

 Although storm scour is likely to transport increased loads of particulate P from the Lower 
Susquehanna reservoir system to the Chesapeake Bay, it is unclear what fraction of this scoured P is 
likely to be reactive. The objective of this study is to assess the potential bioavailability of P in reservoir 
sediments. First, we examine benthic SRP flux along the Chesapeake Bay salinity gradient and the 
reservoir system in order to evaluate differences in P reactivity depending on environmental conditions 
at the site of deposition. Then, we characterize reservoir sediments using extractions of P and Fe, 
including P extraction through the addition of a sulfide solution as described in Chapter 1. Results are 
combined with recent studies of Bay sediment transport and deposition to estimate the water quality 
impact of a large storm event in terms of scoured P. 

Materials and Methods 

Study Site 
The Chesapeake Bay is a 300 km long coastal plain estuary with an average depth of ~7 m, and depths 
exceeding 25 m in the central channel in the mid (mesohaline) portion of the Bay. An average of 2300 
m3 s-1 of freshwater flows into the Bay from its 167,000 km2 watershed, with the Susquehanna River at 
the head of the Bay supplying over half of the flow (Schubel and Pritchard 1986). Water discharge from 
the Susquehanna River to the Chesapeake is controlled by the Conowingo Dam, 14 km upstream of the 
mouth of the river, which is the last of three dams forming the Lower Susquehanna Reservoir System 
(Figure 33). Above Conowingo Reservoir is Lake Aldred (formed by Holtwood Dam) and Lake Clarke 
(formed by Safe Harbor Dam). The reservoirs total over 50 km in length and up to about 2 km in width. 
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Reservoir Sampling 
Three-meter-long cores were collected in August 2015 at five sites along the length of the Conowingo 
Reservoir (Figure 6). Cores were collected in 61 cm long thin walled Shelby tubes using a piston tub 
sampler (ASTM 1587) deployed from a barge. From the 5 Shelby tubes, eight 10-cm long sections were 
taken from each core, homogenized, and dried for solid phase analyses.  

In addition, short cores were collected on five occasions during 2015 and 2016 at a total of 13 stations 
throughout the Conowingo Reservoir. Three short cores were also collected in April 2016 from each of 
the two upper reservoirs (Lake Clarke and Lake Aldred). Intact surface sediment was collected using a 
box corer or pole corer, then subcored with 7-cm i.d. acryclic cores, with ~15 cm of sediment and ~15 
cm of overlying water. The cores were incubated for sediment-water exchange measurements, after 
which the top 1 cm of sediment was dried for solid phase analysis.  

Sediment-Water Exchange Methods 
Short cores were transported to the Horn Point Laboratory, submerged in water from the reservoir, and 
bubbled overnight in the dark at field temperatures. Sediment-water SRP exchange was measured using 
intact 7 cm i.d. cores with a magnetic stirring mechanism (Owens and Cornwell 2016); samples were 
collected over 4 time points. Colorimetric analysis of SRP followed Parsons et al. (1984) and fluxes were 
estimated from regression of SRP concentrations over time.   

Solid Phase Analyses 
Total and inorganic phosphorus were measured using a 1 N HCl extraction of ashed and unashed 
sediment, respectively (Aspila et al., 1976). Phosphorus concentrations in the extract were determined 
by the molybdate blue technique using a UV/VIS spectrophotometer for colorimetric analysis (Parsons 
et al., 1984). Organic P was estimated as the difference between total and inorganic P. Iron was 
determined by analysis of the unashed 1 N HCl extract using flame atomic absorption spectroscopy 
(Leventhal and Taylor 1990).  

 Phosphorus was also extracted from sediment using a sulfide solution (Vulgaropulos, M.S. 
Thesis, 2017). Briefly, a 24 mM H2S/HS- solution was added to dry sediment samples in centrifuge tubes, 
which were then shaken for 24 hours. The resulting extract was dried and the residue was re-dissolved 
with 1 N HCl, then analyzed by colorimetry using the molybdate blue technique.  

Flux Data Synthesis 
Patterns of benthic P flux along the salinity gradient of the Chesapeake Bay utilized a sediment-water 
exchange database maintained at the Chesapeake Biological Laboratory (Boynton and Bailey 2008). Data 
were collected at 82 stations along the mainstem Bay from 1980 to 1998 using core flux incubations 
(Cowan and Boynton 1996). For this study, we utilized summer (June-August) SRP fluxes from these 
stations, totaling 227 measurements. These data were augmented by sediment flux measurements 
made in summer 2014 and 2015 in the Susquehanna Flats area of the upper Bay (Gurbisz et al., 
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accepted), and in the Conowingo Reservoir (this report).  The locations of all of the sediment-water flux 
sites are shown in Figure 33.   

In this study, we examined dissolved inorganic P flux rates in relation to latitude as well as various water 
quality parameters. To assess spatial variation, the stations were separated by latitude into four regions: 
the Conowingo Reservoir, the Upper Bay, the Mid Bay, and the Lower Bay. The boundaries between the 
three Bay regions were set at 39 N (near the Bay Bridge) and 38 N (at the mouth of the Potomac 
estuary).   

 

 

 

Figure 33.  Site locations for sediment-water exchange measurements. 
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Results 
Observed summer SRP effluxes were highest in the Mid Bay region, and lower in the Upper Bay 

with occasional high outliers (Figure 34). Fluxes of SRP in the Conowingo Reservoir were very low or 
negative. The upper two reservoirs were not sampled for sediment-water exchange during the summer, 
but April measurements yielded no detectable SRP flux. The Mid Bay and Upper Bay SRP flux rates were 
significantly different (p≤0.01). Significant (p≤0.01) relationships were observed between SRP flux and 
bottom water salinity, station depth, and bottom water dissolved oxygen (Figure 35). Given the vertical 
stratification in the bay, some of these relationships are likely driven by the low oxygen concentrations 
of deeper, more saline water masses. Indeed, oxygen was the strongest predictor of SRP efflux. 

 

 

Figure 34.  Summer SRP fluxes along the Chesapeake Bay salinity gradient and Conowingo Reservoir 
(A) and box plots of the same flux data for each region (B). 
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Figure 35.  Relationships between summer SRP flux in the Bay mainstem and different water quality 
parameters: salinity, station depth, and bottom water dissolved oxygen (DO).  
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Inorganic P made up most of the particulate P in all of 5 vertical profiles in the Conowingo Reservoir, 
especially at the upper two stations (Figure 36). Inorganic P varied with depth and was generally higher 
at the stations closest to the dam (8, 9, and 13). Inorganic P and Fe were positively correlated (p≤0.05) in 
all of the profiles except station 5 (Figure 37). The overall higher P concentrations and more significant 
correlations with iron closer to the dam were likely related to finer grain size; average grain size at 
stations 2 and 5 was higher than at stations 8, 9, and 13 (Palinkas and Russ, unpublished data).  

Sulfide-extractable P did not vary with depth as much as inorganic P, and ranged from about 0.01 to 
0.37 mg g-1, or 5 to 33% of total P (median 22%). As with inorganic P, sulfide-P concentrations were 
higher closer to the dam (stations 8, 9, and 13) compared to stations 2 and 5 (Figure 36). Sulfide-P was 
not correlated with Fe in the long core profiles (Figure 37).  

In surface sediment collected over multiple seasons in the three reservoirs, inorganic P again made up 
most of total P (Figure 38). Inorganic P, organic P and Fe increased in concentration closer to each of the 
three dams. Sulfide-extractable P concentrations increased slightly as well (Figure 39). Both inorganic P 
and sulfide-P were correlated with Fe (p≤0.01) (Figure 40).  

The seasonal variability of inorganic P was low at the lower end of the Conowingo Reservoir, and higher 
at the upper stations (Fig. 11). Different stations showed different seasonal patterns, likely reflecting 
spatial heterogeneity of sediment erosion and deposition. Iron was seasonally variable throughout the 
reservoir, tending to be highest in late spring and summer (Figure 38). The variability of iron 
concentrations drove the IP:Fe molar ratio to be lowest during late spring and summer (May and July) 
and highest from fall through early spring (September, December, and April) (Figure 41).   
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Figure 36.  Concentration depth profiles of different phosphorus forms and iron in Conowingo 
Reservoir sediments.  
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Figure 37.  Relationship between concentrations of iron (Fe) and inorganic phosphorus (IP) (A) and 
sulfide-extractable phosphorus (sulfide-P) (B) in Conowingo Reservoir long cores. 
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Figure 38.  Surface sediment concentrations of different P forms and iron during different seasons 
along the length of the Lower Susquehanna Reservoir System.  
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Figure 39.  Spring surface sediment concentrations of total, inorganic, and sulfide-extractable P along 
the length of the Lower Susquehanna Reservoir System. 

 

 

Figure 40.  Relationship between concentrations of iron (Fe) and inorganic phosphorus (IP) (A) and 
sulfide-extractable phosphorus (sulfide-P) (B) in surface sediment from the Lower Susquehanna 
Reservoir System 
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Figure 41.  Molar ratios of inorganic P/Fe during different seasons along the length of the Lower 
Susquehanna Reservoir System. 

 

Discussion 
 

Analysis of the comprehensive sediment-water exchange data indicated that P efflux from scoured 
reservoir sediment would most likely occur if the sediment is transported to the mesohaline Mid Bay. 
Previous studies have suggested that enhanced P efflux in deeper saline environments is due to the 
formation and burial of iron sulfides and release of iron-bound P (Hartzell et al., 2010, 2017; Jordan et 
al., 2008; Roden and Edmonds, 1997). In this study, the addition of a sulfide solution to reservoir 
sediment samples yielded a portion of the particulate P pool ranging from ~5-30% of total HCl-
extractable P and ~8-45% of inorganic P. Within reservoirs, P concentrations were higher close to each 
of the three dams and lower farther up the reservoirs, likely due to grain size distributions. Inorganic P 
and sulfide-extractable P in surface sediment were significantly correlated with iron. Findings suggested 
that only a fraction of particulate P from a scour event would likely be bioavailable, depending on 
environmental conditions at the site of deposition.   

Summer SRP fluxes along the salinity gradient from the Lower Susquehanna reservoirs through the 
Chesapeake Bay mainstem were variable but generally highest in the mid-Bay. Previous studies of 
sediment-water exchange in the Bay have also reported that SRP fluxes are highest in the mid-Bay 
relative to the upper and lower Bay, and are enhanced by high temperatures and hypoxia (Boynton et al. 
1991). Salinity transition zones in estuaries are likely to be areas with high levels of P mobilization 
because the availability of sulfate and organic matter allows enhanced sulfate reduction and iron sulfide 
formation (Kemp and Boynton 1984, Capone and Kiene 1988). Sulfate reduction is not limited by sulfate 
concentrations at higher salinities, but sulfide re-oxidation by bioturbation in the limits iron sulfide 
burial efficiencies (Cornwell and Sampou 1995). Algal production and net deposition of organic matter is 
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highest in the mesohaline zone of the Chesapeake (Kemp and Boynton 1984, Cowan and Boynton 1996, 
O’Keefe 2007) while refractory terrestrial organic material, combined with low sulfate concentrations, 
limits sulfate reduction in the oligohaline zone (Marvin-DiPasquale et al. 2003). In general it is observed 
that Fe-bound P decreases with increasing salinity (Hartzell et al., 2010, 2017; Jordan et al., 2008). The 
observed high P fluxes in the mid-Bay, and the positive correlation between salinity and P efflux, are 
consistent with particulate P conversion to bioavailable SRP in the mid-Bay due to iron sulfide formation. 
It is clear that this process is enhanced by hypoxia and anoxia, since SRP flux decreased with increasing 
bottom water dissolved oxygen, and the highest fluxes were found in deeper water where seasonal 
stratification and oxygen depletion is more likely (Kemp et al. 2005).  

Various extraction methods have been used to differentiate iron-associated P from other P forms, but it 
is difficult to determine what fraction of this iron is reducible and likely to release dissolved phosphate. 
In sequential extraction techniques such as SEDEX, a citrate-dithionite-bicarbonate solution is used to 
extract P bound to Fe oxyhydroxides (Ruttenberg, 1992). However, this strong reducing agent may 
include the more crystalline forms of FeOOH, so P bioavailability may be poorly predicted (Jordan et al. 
2008, Kostka and Luther III 1994, Scicluna et al. 2015). Alternatively, other studies have used the more 
moderate reducing agent ascorbate (Kostka and Luther III 1994, Scicluna et al 2015), but this reduces 
only amorphous FeOOH and may underestimate the amount of P that could be mobilized. Since P 
release from iron oxides in the Chesapeake Bay is predominantly caused by iron sulfide formation 
(Jordan et al., 2008; Roden & Edmonds, 1997), an extraction using a sulfide solution should more 
directly represent the fraction of iron-bound P that is potentially bioavailable in the Bay. We found that 
up to ~30% of total HCl-extractable P could be extracted using a 24 mmol L-1 sulfide solution, which is a 
significantly higher sulfide concentration than would be found in the mid-Bay(Roden and Tuttle 1992).   
Li et al. (2016) also found that P could be released from sediment through the addition of a sulfide 
solution, with P concentrations in the overlying water increasing with increasing concentrations of 
added sulfide.  

Total particulate P concentrations in the reservoir sediment ranged from about 0.5 to 1.3 mg g-1, and 
generally over two thirds of it was inorganic. The concentrations were similar to those found in tidal 
freshwater deposits in various Chesapeake Bay subestuaries (Hartzell et al., 2010, 2017; Jordan et al., 
2008). Sulfide-extractable P made up ~20-30% of total P. The amount of inorganic P not extracted by the 
sulfide solution averaged about 0.4 mg g-1, which is similar to IP concentrations measured in sediment at 
15 cm depth in the mid-Bay (Cornwell, unpublished data). This suggests that sulfide-extractable P is a 
realistic representation of the amount of P that is released from sediment under sulfidic conditions in 
the Bay.  

The positive correlation between inorganic P and iron in Conowingo Reservoir sediments was likely a 
reflection of the iron-bound P fraction as well as grain size differences, since both iron and phosphorus 
are preferentially associated with smaller particles. Iron oxides are strongly associated with surfaces and 
increase with increasing relative surface area (Pacini and Gachter 1999, Poulton and Raiswell 2005)  . 
Concentrations of various fractions of particulate P have been shown to increase with decreasing grain 
size (Pacini & Gächter, 1999; Stone & English, 1993; Yao et al., 2016). Small particles provide more 
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surface area not only due to their size, but also due to the laminated structure of clay minerals, which 
provides many internal surfaces for interactions with iron oxides and phosphorus (Pacini & Gächter, 
1999; Poulton, 2005). Sulfide-extractable P was also moderately well correlated with HCl-Fe in surface 
sediment from the three reservoirs. Interestingly, however, sulfide-P generally did not correlate with Fe 
in the deep cores from Conowingo Pond, and was more constant with depth than TP and IP. This likely 
points to the presence of less reactive forms of iron-associated P that cannot be released through iron 
sulfide formation.  

The increase in inorganic P and sulfide-P with distance along each reservoir is also likely due to the 
prevalence of finer particles in the downstream areas of the reservoirs.  In addition, the higher temporal 
variability of inorganic P at the upper end of the Conowingo Reservoir may be due to periodic erosion 
and deposition of sediment in these shallow environments.  

Storm events can be responsible for a large fraction of the annual sediment load from the Susquehanna 
River, partly due to reservoir scour. An estimated 6.7 million tons of sediment were transported across 
the Conowingo Dam during Tropical Storm Lee in September 2011 (Palinkas et al., 2014), of which 3.5 
million tons were scoured from the Lower Susquehanna reservoirs (Langland, 2015). The percent of the 
sediment load that is from scour increases with streamflow and also varies based on characteristics of 
different events (Cerco and Noel, 2016; Langland, 2015). For instance, a January 1996 flood event had a 
similar daily-mean streamflow as T.S. Lee, but over 80% of the sediment load was scoured material, 
likely because it was partly a snowmelt event with lower sediment loads from the watershed (Cerco & 
Noel, 2016). Assuming a total particulate P concentration of 1 mg g-1 based on core data, and a scoured 
sediment load of 3.5 million tons, an event similar to T.S. Lee would deposit 3,500 tons of particulate P 
in the Bay. With sulfide-extractable P comprising up to about 30% of total P, this would mean up to 
1,050 tons of scoured P could be converted to bioavailable SRP through Fe sulfide formation. As 
previous studies and historical flux data have shown, P mobilization is more likely to occur in the mid 
Bay than the upper Bay due to enhanced sulfate reduction. After T.S. Lee, flood deposits of at least 1 cm 
thickness reached as far south as 38.7q N, near station R-64, where the highest benthic SRP fluxes are 
generally found. However, most of the sediment is deposited in the upper Bay, where it is more likely to 
be buried in the solid phase.  

Findings from this study suggested that although event-driven reservoir scour is increasingly likely to 
cause greater P loading to Chesapeake Bay, not all of this scoured P is likely to be bioavailable. Future 
work may further constrain the water quality impact of particulate P transported from the reservoir 
system during a storm. The analysis of P pools in reservoir sediment could be combined with studies of 
sediment deposition from T.S. Lee for a more thorough spatial analysis of P loading and bioavailability. 
In addition, these extraction methods could be applied to suspended sediment or size-fractionated 
samples to control for grain size, since finer particles are more likely to be scoured and transported to 
the Bay.  

The P extracted from reservoir sediments using a sulfide solution is likely a conservative estimate of 
potentially mobile Fe-bound P, since most scoured sediment would be deposited in the Upper Bay 
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where Fe sulfide formation is limited. Flux data analysis and sediment characterizations indicate that the 
majority of scoured particulate P transported to the Chesapeake Bay during a storm event is unlikely to 
be bioavailable.  

 

Experimental Addition of Conowingo Sediment to Bay Sediments 
 

The addition of Conowingo sediment to the surface of Chesapeake Bay sediment cores can be used as a 
short-term analogue to the addition of scour sediment during a high flow event.  Salinity, redox 
conditions (i.e. aerobic versus anaerobic overlying water) , the lability of organic matter and the amount 
and form of inorganic P in the sediment are likely controls on sediment P release (Caraco et al. 1989, 
Lehtoranta et al. 2009).  Experiments with unamended cores in the Chesapeake mid-bay region showed 
a high rate of SRP release with anoxia, followed by a relaxation in flux rates as the inorganic P was 
depleted  (Jasinski 1996).  Experiment with addition of upper bay dredged sediments (Cornwell et al. 
2000) showed the release of added sediments from the upper bay, sediments that were likely derived 
from the Susquehanna River watershed.   

 

2015 Experiment 

Methods 
Sediment cores were collected from 3 sites (3, 2.5, S2) along a salinity gradient in the mainstem 
Chesapeake Bay on August 11, 2015 (Figure 42).  Site S3 is also known as Still Pond and has 
been the site of many sediment-water flux measurements (Boynton and Bailey 2008).  Six 
replicate cores were collected from each site and transported to the lab for initial flux 
measurements and porewater extraction. Bottom water at site S2 had low O2 (~3 mg L-1) and 
was not anoxic at the time of coring.  The initial measurements were conducted under aerobic 
on 2 replicate cores from each site for fluxes and 1 porewater core on August 12, 2015.  Surface 
sediment (0-2 cm) from Conowingo Pond collected July 21 was homogenized, slurried and 
added to the Bay on August 14, 2015.  The amounts of added sediment were chosen to mimic 
sediment deposition from tropical storm Lee.  Approximate sediment amendments for replicate 
cores A-E are listed in Table 9.  Cores were allowed to equilibrate for 23 days under aerobic 
conditions for sites 3 and 2.5 and anaerobic conditions for site S2.  Sediment water fluxes were 
measured at a day 10 and again at day 23.  A single core from each site was initially sectioned 
for pore water and following each flux incubation.  All incubations were carried out at 26:C.     
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Photographs of cores immediately after the sediment amendment and after long-term 
incubations are shown in Figures 43 and 44.  Stations Lee 3/Still Pond and Lee 2.5 had a deeper 
iron oxide hue after time.  Station S2 developed a jet-black color in the top layers, with layer at 
the junction of the original sediment and the added sediment that had the appearance of iron 
oxide. 

 

 

Figure 42.  Site locations for the experimental cores collected August 11, 2015. 

Table 9. Sediment amendments to Chesapeake Bay cores in cm.  Bottom water salinity for 
each site is shown. 

 

Site 

Core A 

cm 

Core B 

cm 

Core C 

cm 

Core D 

cm 

Core E 

cm 

Salinity 

Lee 5 

“Still Pond” 

3 3 3 1 0 4.2 

Lee 2.5 1 1 1 0 0 6.4 

S2 0.5 0.5 0.5 0 0 12.9 
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Figure 43.  Cores on August 14 2015 after sediment addition.  The upper cores are from Still Pond, the 
middle cores from Lee 2.5, and the bottom cores from S2. 
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Figure 44. Core comparison between the initiation of the experiment on August 14 and the end on 

September 14. 
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Figure 44.  Core comparison between the initiation of the experiment on August 14 and the end on 
September 14.  
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Results and Discussion  
The initial rates of SRP release from the Chesapeake Bay cores were undetectable at sites 2.5 and S2 
with the exception of one S2 core which had uptake of -20 Pmol m-2 h-1 (Figure 45).  One core from site 3 
had a measureable SRP flux directed out of the sediment of 14 Pmol m-2 h-1 prior to the Conowingo 
sediment amendment.  

 

Figure 45.  Time course of SRP flux from Chesapeake Bay sediment amended and control cores. 

 

At day 10 of the experiment one amended core from site 2.5 had SRP release of 5.3 Pmol m-2 h-1 with 
the control cores showing similar or higher SRP fluxes.  Core A from site 3 had a SRP release of 26 Pmol 
m-2 h-1 with the remaining amended cores having either non detectable or negative SRP flux.  High SRP 
release was measured from all amended cores from site S2 which averaged 45.9±3.2 Pmol m-2 h-1 after 

S
R

P
 F

lu
x 

m
ol

 m
-2

 h
-1

1.0 cm
1.0 cm
1.0 cm
control
control

-20

0

20

40

60

1.5 cm
1.0 cm
0.5 cm
0.5 cm
0.5 cm

-20

0

20

40

60

3.0 cm
3.0 cm
3.0 cm
1.0 cm
control

Aug 12  Aug 24  Sept3

Aug 12  Aug 24  Sept3

Site S2

Site 2.5Still Pond

Aug 12  Aug 24  Sept3



 

64 

 

10 days under anaerobic conditions.  No SRP flux was measured from site 3 and only low fluxes (<7 Pmol 
m-2 h-1 from site 2.5 after 23 days of equilibration.  SRP flux from site S2 decreased to an average flux of 
16.1+-5.4 Pmol m-2 h-1 by day 23.  The molar ratio of dissolved inorganic carbon to SRP flux on August 24 
ranged between 52 and 24 with the lowest values occurring in cores with thicker deposits of Conowingo 
sediment (Figure 46).  These ratios would suggest ~ 2 to 4 times geater SRP being released than would 
be predicted from remineralization.  The molar ratio in all treatments shifted closer to redfield by 
September 3 as the SRP release from the sediment decreased.  The shifting of the DIC/SRP ratio at the 
end of the experiment provides some evidence that inorganic P was being extracted from the surface 
layer.  Porewater profiles of SRP at all 3 sites increased at depth over the 23 day experiment (Figure 47).  
Site S2 was the only site where SRP increased in the 0-0.5 cm surface sediment layer.  The presence of 
worm tubes at sites 3 and 2.5 suggest that sediment irrigation may have played a role in oxidizing 
surface sediments and preventing  SRP release. 

 
Figure 46.  Molar dissolved inorganic carbon to SRP flux ratio versus depth of added Conowingo 
sediment for site S2.    
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Figure 47.  Time course of SRP porewater profiles. 
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Carbon and Nitrogen Production Rates - Anaerobic Diagenesis 
 

The review of sediment biogeochemical rates processes by Reeburgh (1983) evaluated jar experiments, 
sediment flux experiments, modeling of pore water and the use of tracers to estimate biogeochemical 
rate processes.  For the purposes of the Conowingo biogeochemical assessment, the key rate processes 
in this program are the rates of areal sediment-water exchange documented earlier in this document, 
and “diagenesis” experiments, otherwise known as jar experiments or slurry experiments.  Conceptually 
the reactivity of a parcel of sediment over time, such as CO2 or NH4

+ generation, allows a better 
comparison of the intrinsic reactivity of organic matter.  These rates may be expressed on a volumetric 
or dry mass basis.   

Early models of organic matter diagenesis (Berner 1981) generally had a relatively simple formulation 
where the rate of organic matter breakdown was a function of the metabolizable organic matter and a 
first order rates constant (k):   

dG/dt = - kG 

This formulation assumes on class of organic matter and one rate coefficient.  An improvement in this 
model was made that included 3 classes of organic matter: 

Gt = G1 + G2 + G3 

Where G1 is very labile organic matter, G2 is less labile, and G3 is relatively inert (Berner 1980).  Thus 
total organic matter diagenesis may be represented: 

dGt/dt = -(k1G1 + k2G2 + k3G3) 

Alternative formulations have also been developed in which K is not a constant (Middelburg 1989).  In a 
perfect incubation, over many years, different components of fresh organic matter with different 
reaction rates would be identified by increases in the concentrations of the products of diagenesis.  In 
the Chesapeake Bay and elsewhere, such incubations have long informed models of organic matter 
reactivity (Burdige 1991, Cornwell and Owens 1999, DiToro 2001).  As with any encapsulation of 
sediments, intact or slurried, incubation artifacts are important considerations (Burdige 1989).   

In this program, incubations were carried out on sediments from all reservoirs, the Chesapeake Bay, and 
suspended sediment.  Rates are expressed on a dry mass basis.  Here we present representative results 
of the experimental program, more detailed data interpretation has been carried out by the modelers 
using this data. 

The data generated in this program has been used by Exelon contractors to inform bay modeling 
efforts and it will not be heavily interpreted here.  Limited examples of some of the rate 
measurements will be presented. 
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Methods 
 

 For short core sediments, samples were collected in the field from the top 2 cm of sediment, and in one 
instance, over several depths.  Samples were kept at ambient temperature in a 50 mL centrifuge without 
a headspace.  For the long cores (10’), sections were collected in 50 mL cutoff syringes that were 
inserted vertically and then capped.  In the laboratory, sediments were placed in a glove bag filled with 
N2 to minimize oxidation, emptied into a 140 mL plastic bottle, and homogenized.   Using a cutoff 
syringe, 5 mL of sediment was measured into 6-8 27 mL serum vials.  A total of 15 mL of N2-bubbled 
water was added to each vial and the vial  was bubbled for 15 seconds, capped with a rubber septum, 
and crimped with an aluminum seal.  All diagenesis samples in this program were incubated at 20:C to 
allow a comparison of sites and sample times.  Vials were sacrificed over time to develop a 
concentration time course for NH4

+ and DIC.  For each sediment section, a 5 mL sample was place on a 
pre-weighed aluminum pan and the percent dry mass was determined by drying a 65:C.   

For most incubations, the added water consisted of a solution similar to the composition of Conowingo 
Reservoir water, using average water quality data from USGS site 1578310.  We added extra sulfate to 
make DIC the final end product for diagenesis via suppression of methanogenesis (Capone and Kiene 
1988).  The solution consisted of 40 Pmol L-1 KCl, 80 Pmol L-1 MgCl2, 200 Pmol L-1 NaHCO3, 220�Pmol L-1  
MgSO4 and 870 Pmol L-1 CaSO4.  A second solution was used on some sections, without sulfate, but 
these data did not appear to generate different results and have not been used.   

For the analysis of diagenetic rates in samples collected from the dam by AECOM, 20L carboys were 
allowed to settle for ~3 days and all but ~3 L was siphoned off.  The suspension was placed in a 8 L USGS 
sampling churn (Bel-Art Scienceware 37805-0008) and mixed.  Samples were drawn for TSS analysis via 
filtration of GF/F glass fiber filters to determine sediment mass on a volumetric basis, and multiple filters 
were collected for the diagenesis experiments.  Two or more filters were added to 125 mL serum bottles 
and filled with 100 mL of N2-sparged water water as outlined above.   Samples were collected over time 
for chemical analysis. 

For the small vial incubations, samples were put in 15 mL centrifuges, spun at 2500 rpm for 10 minutes, 
and filtered using a 25 mm diameter 0.4 Pm syringe filter.  Samples were collected for ammonium 
analysis with preservation by freezing and samples for DIC analysis were placed in vials for subsequent 
analysis via TCD gas chromatography (Stainton 1973).   Ammonium was analyzed colorimetrically 
(Parsons et al. 1984). 

Part way through the program, the sediment diagenesis program switched to a single large vial that was 
sampled repeatedly over time.  The small vials appeared to have a higher degree of vial to vial 
variability, likely due to the difficulties of putting 5 mL of sediment in each vial with a consistent grain 
size.  This was particularly an issue in upper Conowingo Reservoir sites and in the deep cores.  We used a 
250 vial with 40 mL of wet sediment and 120 mL of incubation water, maintaining the same ratio as the 
small vials.   
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Results and Discussion 
 

Examples of time course incubations are shown in Figures 48-50.  These data are expressed on the basis 
of dry mass that was estimated by dried sediment or filters.  The Conowingo sediments from September 
2015 showed substantial increases in both ammonium and DIC concentrations over the course of 2/3 of 
a year.  These incubations showed little indication of rate changes in the samples over time.  In Lake 
Clarke, the time course showed a good increase in DIC concentration over time, with the ammonium 
time course showing excess variability.  DIC slopes were similar to the September 2015 Conowingo  time 
course.   The water column particulate diagenesis example shown here, with sampling from a higher 
flow event in February 2016, showed linear increases in DIC and ammonium.  The slope of the DIC 
regression is much higher than observed for sediment incubations and was > 20 times that observed for 
the sediment examples shown here from the Conowingo Reservoir and Lake Clarke.  The suspended 
sediment ammonium slope similarly was > 15 times higher than sediment slopes.  The deep core 
incubations showed generally slow rates of diagenesis, with a high degree of variability in the time 
courses.   

One of the key conclusions of this study is that, as expected, water column organic matter reactivity is 
much higher than the reactivity of sediments from the surface of the reservoirs.  Our incubations of the 
0-2 cm horizon may include sediments that are relatively “new” to materials that are more than one 
year old.  Moreover, in comparison to work in algal-dominated systems (Burdige 1991, DiToro 2001), the 
organic matter in the lower Susquehanna is a mixture of terrestrial and aquatic organic matter, with 
different reactivity rates and pools sizes.  The material deposited in the Conowingo Reservoir may have 
a strong seasonal variability;  the high respiration and ammonium effluxes observed in May 2015 may 
have been driven by a large input of labile organic materials.   

This program provides insights into processes in the reservoirs, as well as information useful for future 
diagenesis studies.  The use of small vials has worked well in many studies (Cornwell and Owens 1999), 
but the mixed grain sizes and the extremely long periods of incubation proved challenging.  The many 
hundreds of vial incubated here resulted in a massive analytical program with consequent large and 
diverse data analyses.  The use of larger incubation vessels added toward the end of the program is 
likely a better approach, and has been used successfully in short term incubations of highly reactive 
Everglades sediments (M. Owens and J.C. Cornwell, unpublished).   
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Figure 48.  Ammonium and DIC diagenesis time courses from surficial sediments (0-2 cm) collected 
from the Conowingo Reservoir in September 2015.  Concentrations are expressed on the basis of dry 
mass in the incubation and are the average ± S.D. of 4 samples.  The four samples came from Sites 2, 
5, 8, and 13 

 



 

70 

 

 

 

Figure 49.  Ammonium and DIC diagenesis time courses from surficial sediments (0-2 cm) collected 
from Lake Clarke in April 2016.  Concentrations are expressed on the basis of dry mass in the 
incubation and are the average ± S.D. of 3 samples, one from each sample location. 
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Figure 50.  Time course of average ± S.D. concentrations of ammonium and DIC concentrations from 
seven suspended samples collected in February 2016.  Concentrations are expressed on the basis of 
dry mass in the incubation.  The much higher concentrations per gram relative to sediment 
incubations reflects the much higher water volumes relative to the amount of sediment.   
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Conowingo Biogeochemistry in Perspective 
 

Comparison to other studies 
 

The data from this study were identical to studies carried out  in three other Maryland reservoirs, as well 
as reservoirs/flowing waters in Indiana, Minnesota, Utah and Washington State (Table 10).  These 
studies have been separated into aerobic and anoxic studies.  The characteristics of the lower 
Susquehanna River  reservoirs are somewhat different than these other studies in that the residence 
time in these other reservoirs are likely much longer.  In the Maryland reservoirs (Tridelphia, Lake 
Linganore, Lake Anita Louise), reservoirs are thermally stratified in the summer and high algal biomass is 
observed, with cyanobacteria as major concerns in Lake Linganore and Lake Anita Louise.  Similarly, the 
reservoirs in Utah, Minnesota and Washington State have issues with cyanobacteria (specifically 
Microcystis spp.).  Consequently, sediments in these systems may have autochthonous organic matter 
inputs from algae and cyanobacteria.   

The highest effluxes of soluble reactive phosphorus in reservoirs are generally found under anoxia, with 
rates that can approach 100 Pmol m-2 h-1.  The co-release of P with the reduction of iron oxides is a well-
documented phenomena (Einsele 1936, Mortimer 1941).  Aerobic rates were generally similar to 
observations in this study, though rates in rates up to 28 Pmol m-2 h-1 were observed in Minnesota.  
Elevated pH’s are an alternative pathway for high P releases from sediments (Seitzinger 1991, Gao et al. 
2012).  The low levels of P efflux from the lower Susquehanna reservoirs are consistent with the high 
concentrations of extractable Fe and the aerobic conditions observed during the course of this study.  
These data do not indicate that the increased P flux from the Conowingo Reservoir to the Chesapeake 
Bay (Zhang et al. 2016) could be derived via efflux of dissolved P from bed deposits. 

The fluxes of N2-N, generally from the process of denitrification, are not especially high for the reservoirs 
listed in Table 10.  Many reservoirs have much higher concentrations of water column NOx

-, with the 
higher concentrations driving higher rates of denitrification.  Similarly, Conowingo Reservoir rates for 
uptake of NOx

-, release of NH4
+ and consumption of oxygen are not at the higher end of reservoir 

observations.   

While oxygen concentrations in bottom water were not low enough to change biogeochemical 
pathways in the Conowingo Reservoir, previous observations in the reservoir suggest that bottom water 
hypoxia has occurred in the past.  The lack of hypoxic conditions is this study may be a function of the 
hydrological conditions in the lower Susquehanna during the period of study, or a result of lower inputs 
of labile organic matter.  Improvements in P releases in waste water and consequently lower algal 
biomass would result in lower bottom water oxygen depletion.  In the past, such low oxygen events 
would likely increase SRP releases from sediment, increase NOx

- uptake by sediment, and increase rates 
of denitrification.    
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Table 10.  Reservoir and river sediment-water exchange rates using techniques identical to this study.  
The studies were carried out by UMCES and Chesapeake Biogeochemical Associates (Cornwell and 
Owens 2002, Cornwell and Owens 2004, Owens and Cornwell 2006, 2008a, Owens and Cornwell 
2008b, Owens and Cornwell 2009, Cornwell et al. 2017). 

 

Site Type SRP NH4
+ NOx

- N2-N O2 

  Pmol m-2 h-1 

Tridelphia July 
2001 (MD) 

Anoxic 6 - 7 133 - 255    

Tridelphia May 
1999 (MD) 

Aerobic 0 0 - 194 -92 - -104 84 - 240 -1,089 - -1,293 

East Canyon (UT) Anoxic 4 - 7 79 - 181    

Byllesby (MN) Anoxic 6 - 37     

Byllesby (MN) Aerobic 3 - 28   351 - 519 -1,403 - -1,881 

Spokane Lake (WA) Aerobic 0 - 10 -162 - 213 -39 - -799 70 - 562 -1,962 - -3,315 

Grand Calumet 
River (IN) 

Aerobic -58 - 0 -188 - 851 -2,036 - 277 64 - 1,334 -1,215 - -3,354 

Lake Linganore 
(MD) 

Anoxic 17 - 66 54 - 114 -9 - 2   

Lake Linganore 
(MD) 

Aerobic -2 - 0 186 - 551 -236 -  -575 42 - 572 -759 - -1,359 

Lake Anita Louise  
(MD) 

Anoxic 50-97 120 --1.9 - 0   

Conowingo 
Reservoir (this 

study) 

Aerobic -0.8±3.7 90±134 -52±53 128±72 -982±605 

Lake Aldred + Lake 
Clarke 

Aerobic 0 73±86 -98±101 115±68 -983±317 
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Nitrogen Cycling – Reservoirs to the Bay 
 

The scaling of Conowingo biogeochemical measurements to bay nutrient mass balances can provide 
some insight on its importance to nutrient balances (Table 11).  The most obvious scaling is the size of 
the reservoir relative to the upper Chesapeake Bay.  If we define the Maryland mainstem Chesapeake 
Bay as Boynton et al. (1995) did, it includes the Chesapeake Bay from the north shore of the Potomac 
River mouth and all tributary areas other than the Choptank and Patuxent Rivers.  The Conowingo 
reservoir is 0.9% of the area of the MD mainstem bay, and the three reservoirs combined cover an area 
equivalent to 1.8 % of the MD mainstem bay. 

April 2016 is the only month is which we have measurements in all 3 reservoirs and the upper 
Chesapeake Bay.  Temperatures increase rapidly during April averaging  9.6:C in the Conowingo 
Reservoir, 14.5:C  at Bay sites, and 18.0:C at Lakes Clarke/Aldred at the time of sediment collection and 
incubation.  Direct comparison of benthic  fluxes across a latitudinal gradient with a large temperature 
range would result in the lower temperatures having lower metabolic rates and the last site sampled 
having higher rates.   Models use Q10’s to estimate the expected differences as a function of 
temperature.  Such efforts may be useful for “normalizing” sediment oxygen uptake, but may not be 
effective at predicting a multi-step process such as denitrification.   

Over the latitudinal gradient from the bay to the upper reservoirs, oxygen demand ranged from < 100 
Pmol m-2 h-1 in the upper Conowingo reservoir to > 1,800 Pmol m-2 h-1 at Lee 2.5 in the Chesapeake Bay 
near the Patapsco River entrance (Figure 51).  Higher rates in the Lake Aldred and Lake Clarke may result 
from higher temperatures found later in April.  In the Conowingo Reservoir, if the May 2015 data are not 
used, we find that there is an increase of ~40 Pmol m-2 h-1 of sediment oxygen demand with each 1 :C 
increase in temperature (Figure 52).  The upper reservoir oxygen uptake data appear consistent with the 
Conowingo data if the temperature differences are considered.   

The N2-N efflux data (Figure 53) were highly variable within each reservoir and in the bay, though rates 
of denitrification increase in the southern site Lee 2.5.  The highest rates of ammonium efflux were 
observed in Lake Clarke where two sites (4 cores) had rates in excess of 100 Pmol m-2 h-1.  Nitrate uptake 
and release were also variable throughout.   

The upper bay sites, in spring, likely have similar biogeochemical rates as Conowingo sediments.  
Sediment 13C stable isotopic data (Cornwell and Sampou 1995) suggest that the upper Chesapeake Bay 
sediment organic matter is a mixture of fluvial/terrestrial materials.  Despite modest upper bay 
salinities, upper bay nitrogen processing looks similar to the reservoirs.    
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Table 11.  Scaling of Conowingo Nitrogen Fluxes to Chesapeake Bay Fluxes 

 

Parameter or Measurement Value 

Reservoir area, upper mainstem bay 
area, MD mid bay area 

Lake Clarke                              24.6 x 106 m2 

Lake Aldred                             10.4 x 106 m2 

Conowingo                              34.7 x 106 m2 

MD Mainstem Bay               3,942 x 106 m2 

Total N input from Chesapeake Bay, 
2002-2011  (Hirsch 2012) 

5,124 x 106 moles y-1 

Average NH4
+ flux in reservoir 90 umol m-2 h-1,  0.79 mol m-2 y-1 

Average NH4
+ production based on O2 

stoichiometry 
150 umol m-2 h-1, 1.314 mol m-2 y-1 

Conowingo NH4
+ flux as percent annual 

MD mainstem bay DIN  flux  
MD Mainstem Bay            0.75 % 

Moles of N produced from flux.   

Mainstem Din efflux data from previous 
mass balance estimates (Boynton et al. 
1995). 

Conowingo                                26.8 x 106 moles y-1 

MD Mainstem Bay               3,550 x 106 moles y-1 

Adsorbed NH4
+ - mean of all depths 

Adsorbed NH4
+ - mean of 0-50 cm 

38.7 mmol L-1, 38.7 mol m-3, 50.6 moles yd-3, 1.19 lb N yd-3 

12.1 mmol L-1, 12.1 mol m-3, 15.8 moles yd-3, 0.37 lb N yd-3 

Adsorbed ammonium in scoured 
sediment if half the reservoir erodes  
0.5 m.  Average ammonium in top 0.5 
cm used in calculation. 

Conowingo                            105 x 106 moles                                             

Adsorbed NH4
+ in 106 yd-3 to 10’ 

1 x 106 yd3 adsorbed NH4
+ as percent 

average  annual Conowingo NH4
+  flux 

Conowingo                        50.6 x 106 moles  

Conowingo                       189 % 



 

76 

 

  

Figure 51.  Sediment  oxygen demand as a function of latitude in April 2016.  Note the sign reversal 
from previous oxygen flux plots.  The average rate at all sites was 763±387 Pmol m-2 h-1.  Though all 
measurements were made in April, temperatures were different at the time of sampling, with T= 
9.6⁰C in the Conowingo Reservoir, T = 14.5⁰C  at Bay sites, and T = 18.0⁰C at Lakes Clarke/Aldred. 
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Figure 52.  Conowingo sediment oxygen demand as a function of incubation temperature.  Only sites 
with data from all 5 dates were used in the analysis. Each individual core is plotted.  Average rates in 
May 2015 are almost twice the other rates at similar temperatures. 

 

 

Temperature C

5 10 15 20 25 30

S
ed

im
en

t O
xy

ge
n 

D
em

an
d 

 
m

ol
 m

-2
 h

-1

0

1000

2000

3000

4000

May 2015
July 2015
Sept 2015
December 2015
April 2016



 

78 

 

 

 

 

 

 

Figure 53.  Spring 2016 sediment-water nitrogen exchange rates as a function of latitude.  The average 
N2-N, NH4

+ and NOx
- flux rates were 104±54, 52±59 and -34±81 Pmol m-2 h-1 respectively.  Though all 

measurements were made in April, temperatures were different at the time of sampling, with T= 
9.6⁰C in the Conowingo Reservoir, T = 14.5⁰C  at Bay sites, and T = 18.0⁰C at Lakes Clarke/Aldred. 

  



 

79 

 

Comparative Rates 
 

In Table 11, the rates of N transformation and the pools of adsorbed ammonium are presented in a 
number of different ways.  If we do a simple comparison of mean ammonium effluxes from the 
Conowingo reservoir to that of the upper Chesapeake Bay, we see that the Conowingo Reservoir fluxes 
are ~ 0.75% of MD mainstem bay N fluxes (Figure 54), with the contribution of all reservoirs of ~1.5%.  
These results suggest that:  

1)  With a complete washout of the sediment in the Conowingo Reservoir, along with much of the 
potential metabolism of all the sediment producing ammonium, the effect of the Conowingo 
nitrogen regeneration to the Chesapeake Bay has only a minimal impact on Chesapeake Bay 
nutrient balances. 

2) Sediment in the Conowingo Reservoir behaves very similar to upper bay sediments, and there 
likely is little difference between the efflux of ammonium into the flowing waters leaving the 
Conowingo and the tidal waters of the upper bay. 

3) The release of adsorbed ammonium needs more detailed assessment, but if half the bottom of 
the Conowingo Reservoir was eroded to 0.5 m, those releases would be equivalent to ~3% of 
the ammonium plus nitrate efflux into the Chesapeake Bay (Table 11), or 2% of total N inputs. 

 

Figure 54.  Pie chart of sediment-water ammonium fluxes from reservoirs and the Maryland mainstem 
bay.  The sum of all fluxes is 3,604 x 106 moles y-1, or 111,136,564 lbs N per year.  In this plot, it is 
assumed that the annual ammonium flux per m2 in Lakes Clarke and Aldred are the same as in the 
Conowingo reservoir. 
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Dredging - Biogeochemical Considerations 
 

The purpose of this assessment program was to determine the biogeochemical characteristics of 
Conowingo sediment deposits and inform bay modeling efforts by supplying better calibration data.  
Any decisions regarding dredging the Conowingo Reservoir will be informed by the results of USEPA’s 
modeling output, particularly the effect of episodic loading of sediments in the mid bay region.  Previous 
modeling suggests nitrogen, rather than phosphorus, might fuel a very small incremental loss of 
dissolved oxygen in several bay segments.  Our long-core data may be useful in consideration of 
potential biogeochemical impacts of dredging. 

The release of soluble reactive phosphorus during dredging and sediment placement is likely a minor 
process.  Moderate to high concentrations of pore water iron, when exposed to oxygen during dredging 
operation, will oxidize to form high surface area iron oxide minerals.  These surfaces will be highly 
efficient at removing any soluble phosphorus and it is likely that any environment effect would be 
related to the movement of particulate phosphorus.  Further assessment of phosphorus mobility would 
not appear to be warranted. 

Adsorbed ammonium in Conowingo sediment deposits presents the same challenges faced by the 
Maryland Port Administration and US Army Corps of Engineers in the dredging of navigation channels in 
the upper Chesapeake Bay.  The elutriation of adsorbed ammonium by the addition of water for 
sediment slurrying will likely result in the release of high concentrations of ammonium to the water.  In 
the case of dredged channels, concentrations of ammonium were high but the overall effect on bay 
nitrogen balances were small (Cornwell and Owens 2011).  The data in this report (Table 9) likely is a 
maximum release number.  Our estimate of the amount of adsorbed NH4

+ in 1 x 106 yd3  is ~ 50.6 x 106 
moles of N, or 1.56 x 106 lbs N.  This number is equivalent to almost 2 years of ammonium efflux.  

We can compare potential effects, both positive and negative, to observations made previously for 
Chesapeake Bay navigation channels: 

1) The concentration of adsorbed ammonium is much higher in Conowingo sediments, possibly 
leading to greater releases when slurrying sediments 

2) Conversely, freshwater sediments are much more adsorptive of ammonium (Seitzinger et al. 
1991) and elutriation of adsorbed ammonium with low potassium river water might result in a 
low proportion of adsorbed ammonium release. 

In order to assess the potential release of ammonium by dredging, cores from the specific areas to be 
dredged should be collected and subjected to dilution by water in the same proportions used to pump 
sediment slurries in pipes to the point of deposition.  During the dewatering phase, the ponded dilution 
water should be assessed for ammonium concentrations and the potential production of high 
concentrations of algae.  In addition, if algae raise pH dramatically (Seitzinger 1991, Gao et al. 2014b) 
there is the potential of NH3(g) release to the atmosphere (Larsen et al. 2001) and release of SRP from 
iron oxide bound forms (Bailey et al. 2006).   
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Monitoring Recommendations 
The sediment assessment program presented here presents a detailed examination of benthic processes 
over a period of roughly one year.  In particular, the project period was a period of relative quiescent 
conditions in the reservoir, with flows well below those in which scour is likely to occur.  Improvement in 
our understanding would come from: 

x Measurement of sediment biogeochemical processes before and after large scale flow events, 
along with characterization of the suspended material. 

x A better understanding of the linkage between all three reservoirs.  Our program was focused 
on the Conowingo pool, but the same process of deposition/scour of bottom sediments is 
clearly in place in the upper two reservoirs.  In a large scale event, the upper two reservoirs are 
also potential contributors of sediment and nutrient inputs to the Chesapeake Bay. 

x A dynamic physical/biogeochemical model of these reservoirs is needed to better predict  1) 
how reservoirs affect current nutrient and sediment inputs to the Chesapeake Bay and 2) to 
allow prediction of future inputs based on improved land use, infill of reservoirs, etc. 

x There is little water column biogeochemical data.  Understanding the balance between 
allocthonous and autochthonous organic matter inputs and biogeochemical controls of nutrient 
recycling would provide a better understanding of the interception and release of 
biogeochemical constituents. 

Summary 
 

This biogeochemical assessment program has provided the first comprehensive look at biogeochemical 
processes in the sediments of the Conowingo Reservoir, as well as additional information on 
biogeochemical processes in Lake Clarke, Lake Aldred and the upper Chesapeake Bay.  In general, the 
biogeochemical behavior of reservoir sediments is similar to comprehensive sediment observations in 
the upper Chesapeake Bay.  These data are also consistent with previous modeling efforts (Linker et al. 
2016) that suggest that the potential biogeochemical effects of the bay are relatively small. 

The input of phosphorus from scour could greatly increase the input of P to the Chesapeake Bay.  
However, the effects of such extra P inputs appear to be minimal because it is likely to mostly deposited 
in the upper bay where sediment P retention is high.  The potential mobility of iron-bound P is thus 
limited by location; experiments with sulfide addition suggest that ~30% of total P might enter the active 
Chesapeake Bay biogeochemical P cycle when deposited in deep, anoxic Chesapeake Bay environments. 

If in a scour event all Conowingo Reservoir sediment metabolism was moved to the sediments of the 
upper Chesapeake Bay, the likely increase in sediment nitrogen regeneration in the bay would be < 1%.  
In the total environmental context, this likely has a minimal biogeochemical effect on Chesapeake Bay 
nitrogen cycling.  However, any conclusions about the importance of this additional N loading needs to 
be put in the context of meeting TMDL goals; for this, ongoing modeling by the USEPA Bay Program, 
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rather than our biogeochemical measurements alone, will provide the final conclusions on TMDL 
compliance. 

The key unexpected result of this study is that there is a substantial amount of adsorbed ammonium in 
Conowingo Reservoir deposits.  Although originally this work was not an emphasis, it may have 
implications for estimates of N release from scour and from dredging activities.  
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